Conservation Potential and Mechanisms of Avian Decline in Experimentally Fragmented and Regenerating Amazonian Rainforest by Rutt, Cameron Lee
Louisiana State University 
LSU Digital Commons 
LSU Doctoral Dissertations Graduate School 
March 2020 
Conservation Potential and Mechanisms of Avian Decline in 
Experimentally Fragmented and Regenerating Amazonian 
Rainforest 
Cameron Lee Rutt 
Louisiana State University and Agricultural and Mechanical College 
Follow this and additional works at: https://digitalcommons.lsu.edu/gradschool_dissertations 
 Part of the Natural Resources and Conservation Commons 
Recommended Citation 
Rutt, Cameron Lee, "Conservation Potential and Mechanisms of Avian Decline in Experimentally 
Fragmented and Regenerating Amazonian Rainforest" (2020). LSU Doctoral Dissertations. 5171. 
https://digitalcommons.lsu.edu/gradschool_dissertations/5171 
This Dissertation is brought to you for free and open access by the Graduate School at LSU Digital Commons. It 
has been accepted for inclusion in LSU Doctoral Dissertations by an authorized graduate school editor of LSU 
Digital Commons. For more information, please contactgradetd@lsu.edu. 
CONSERVATION POTENTIAL AND MECHANISMS OF AVIAN 
DECLINE IN EXPERIMENTALLY FRAGMENTED AND 














Submitted to the Graduate Faculty of the 
Louisiana State University and  
Agricultural and Mechanical College 
in partial fulfillment of the  
requirements for the degree of 

















Cameron Lee Rutt 
B.S., Messiah College, 2008 
May 2020
 ii 
To my parents, for planting the seed that would flourish into a verdant passion, for watering and 
cultivating the garden of my obsession, and for constructing and fortifying the trellis that allowed 
me to reach my highest heights; to my sister, for her eternal tolerance; and to my brother, with 




First, I would like to thank my advisor, Phil Stouffer. You took me on basically sight 
unseen and furnished me with the opportunity of a lifetime—to live and work in the Amazon 
Rainforest for 18 months. As an adolescent boy navigating “The Amazon Trail” on our family 
desktop, I could have scarcely imagined that one day I would be there in real life, creating my 
own pixels of its exotic flora and fauna. I appreciated how you implicitly trusted me to get the 
job done, continuously provided the means necessary to ease my load and develop 
professionally, and were understanding of life’s many contingencies, especially those that fell far 
outside the realm of science. Thanks, too, for your shrewd natural history insight, editorial 
acumen, and keen eye for the big picture. I’m very grateful for the freedom and intellectual leash 
long enough to follow developing leads and pursue my own harebrained ideas, but not so long as 
to tie myself in knots and get lost in the weeds. I hope you’re proud of what we’ve already 
accomplished together. 
 I couldn’t imagine assembling a more stellar, bright, and incisive committee: Mike 
Kaller, Kyle Harms, Van Remsen, and Javier Nevarez. Although we seldom met as a group, the 
high bar that I always felt in your company pushed me to rise to meet it. If this document 
successfully sees me through to the other side, I will leave feeling particularly satisfied knowing 
that my mettle received your collective stamp of approval. To my academic brothers and sisters, 
thanks for your friendship, support, and guidance across these (many) years. I am truly blessed to 
have such a fine fleet of ecologists and ornithologists at my disposal in the Stouffer lab: Erik 
Johnson, Luke Powell, Jared Wolfe, Karl Mokross, Sinéad Borchert, Angélica Hernández-Palma, 
Vitek Jirinec, and Patty Rodrigues. Your advice, assistance, and relevant experience were never 
more than a click or a call away, and I repeatedly relied upon you guys. I’m not being hyperbolic 
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when I say that your hard work paved the way for my own fieldwork, research, and, ultimately, 
success. 
My broader RNR family was also paramount to my success and created an environment 
that wound up feeling like home. I have a sneaking suspicion that I don’t know even half the 
reasons why I should thank Allen Rutherford and Bill Kelso. I’m eternally grateful for their 
behind-the-scenes financial and logistical support and for their willingness and understanding in 
allowing me to pursue an unorthodox work schedule leading up to my defense. Nor could I have 
asked for a better pit crew than the RNR team, led, unquestionably, by Nedra Raven, but with an 
impressive supporting cast: Tonia Pinkins, Victoria Johnson, Carol Johnson, Sophie Aime, 
Karen Cambre, and Chianti Primus. For those like me who are allergic to paperwork, you saved 
me from self-destructing with appalling regularity. I would have never even gotten to Brazil 
without you guys. That, or else I would have somehow wound up paying for it all out of my own 
pocket. 
 Arriving in Brazil as a naïve gringo with an extraordinarily limited palette of Portuguese, 
I leaned heavily upon Scott Kosiba and Jairo Lopes during those fraught, early months. Without 
these two men holding my hand, it is nearly impossible to imagine acquiring food and shelter, let 
alone data, after touching down in Manaus. I could not have gotten through my 15-month field 
season without you two. Thank you. The nature of my fieldwork meant that I didn’t require a lot 
of additional field assistance, but, when I did, I had a surgical and tireless team. Jairo, Bruna 
Amaral, and Gilberto Fernández were all that I ever could have asked for. Moreover, and more 
importantly, the company and friendships that Bruna and Gilberto provided were invaluable to 
me and cannot be measured in data or dollars. Manaus would have been much drearier were it 
not for the bright smile and laughter that Mario Cohn-Haft perennially proffered. I always 
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eagerly anticipated our next birding outing, which you infused with wisdom and a seemingly 
endless supply of off-color jokes, a capella, and Amazonian bird knowledge. Lastly, I would like 
to thank, in turn, the staff, drivers, and mateiros at the Biological Dynamics of Forest Fragments 
Project for their critical logistical support. 
 Although I bore no part in acquiring these grants, I am indebted to the US National 
Science Foundation, the National Geographic Society, and the National Institute of Food and 
Agriculture for their generous financial support. On a personal level, I am incredibly appreciative 
for awards and scholarships from the American Ornithological Society, Clark M. Hoffpauer 
Memorial Fund, and the Rockefeller State Wildlife Scholarship. I would also like to recognize 
those researchers who made substantial contributions—either in data, knowledge, or brain-
storming—to the research contained within these chapters: Ari Martínez, Christos Mammides, 
Liping Zhou, Eben Goodale, Damien Farine, Daizaburo Shizuka, Allison Johnson, Chris 
Fleming, Esteban Fernández-Juricic, Jeff Brawn, Brandt Ryder, Marta Sá, Leila Leal, Luiz 
Candido, Rita Mesquita, and Bruce Williamson.  
 Support comes in many forms, but it has become abundantly clear to me that we cannot 
pick and choose from these in à la carte fashion. In the academic support column, a number of 
professors stand out above the rest, whose doors were always wide open for me: Steve Midway, 
Sabrina Taylor, Maurice Wolcott, and Bret Collier. Thank you for your investments in me and 
my dissertation—these pages reflect your generous contributions of time and expertise. On the 
mental side of the support ledger, I would not be where I am today without LSU Mental Health 
Services. I simply cannot say enough about the essential services they provide, which are free of 
charge, no less. A number of friends provided unrivaled social and emotional support, which 
were especially critical when I was literally and figuratively put out to pasture during the “end 
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times”: Scott Kosiba, Madeline Robicheaux, Josh Stone, Nicole Trimmer, Glenn Seeholzer, and 
Hollis Jones. I consider these fine folks to be my personal shepherds, and they each provided 
indispensable guidance in leading me to quiet waters and green pastures.   
 Just as crucial, there is an even longer list of folks, near and far, who made the journey 
worthwhile, who provided amizade and companionship, and whose presence in my life was 
uplifting and life-giving. I feel remiss not to mention each and every one of you by name, but for 
brevity, I cannot. In no particular order, I would like to specifically mention Enzio Meixedo 
Chiarelli, Danilo Castanho, Roberta Canton, Stephanie Wheeler, Anna Perez-Umphrey, Amie 
Settlecowski, Tyler Williams, Allie Snider, Kristin Brzski, Andre Moncrieff, Ryan Burner, John 
Mittermeier, Maggie MacPherson, Marybeth Lima, Katie Riordan, and all those enduring, 
venerated friends from grade school, high school, college, and my seasons of fieldwork. Thanks, 
too, to my primary birding buddies, Dan Lane and Van Remsen. Birding with the two of you 
endowed me with a large part of my ornithological growth, and I treasured every one of these 
extracurricular Ornithology labs. Farther afield, Marco Rêgo and Glaucia Del-Rio were Brazilian 
tour guides extraordinaire and exceptional ambassadors to their country. I am a better person 
because of y’all.  
  Finally, words cannot express my profound gratitude to my family. It’s been a wild ride, 
eh? I literally (and figuratively) wouldn’t be here without you guys. But more to the point of this 
dissertation, your unflagging love, support, and encouragement in the pursuit of my dreams 
cannot be overemphasized. I imagine that it wasn’t always easy, navigating daily life with an 
increasingly rabid birder on your hands, but you continually equipped me with golden 
opportunities and the necessary resources, time and time again. It’s difficult to conceive how I 
would have formed such a deep and lasting connection with birds were it not for such a secure 
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and healthy family environment. Furthermore, you shaped me into the man I am today, which is 
reflected in my work ethic and subsequent research. Whatever humility, honesty, empathy, and 
integrity I have, it is because you guys instilled me with the importance of these values. Mom 
(Regina), Dad (Bob), Brittany, and Tyler—I love you guys!
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Twenty percent of the Brazilian Amazon has now been deforested, and deforestation rates are 
increasing. Yet the process of deforestation threatens biodiversity beyond the direct loss of 
habitat by inducing edge effects and creating forest fragments. In the tropics, among the most 
vulnerable birds to these human disturbances are a group of insectivorous species that forage on 
or near the ground. A variety of mechanisms have been proposed to explain these declines, but 
evidence for these hypotheses remains scare or equivocal. In this study, we examine three 
proposed mechanisms—physiological constraints to bright light, reduced breeding activity and 
nest success, and limited dispersal ability—and compare the conservation potential of degraded 
fragments and regenerating secondary forest with that of continuous primary forest. Using a 
hierarchical Bayesian framework, we first explored whether vulnerability for 64 species of birds 
was correlated with two characters that presumably reflect a species’ visual capacity under low 
light intensity. Although we found that most species (55%) were vulnerable to disturbed habitat, 
we did not find support for our two light sensitivity metrics. We complemented this by 
simultaneously synthesizing evidence of the breeding bird communities in disturbed habitats, 
which we found to support fewer breeding species (22-48%) and fewer breeding individuals (35-
50%) than primary forest. Moving beyond correlation, we directly tested the effects of isolation 
on mixed-species flocks by experimentally re-isolating three forest fragments. Re-isolation led to 
the deterioration and collapse of these important species interaction networks, suggesting that 
birds in these systems have limited dispersal ability. Altogether, we find support for two of the 
three proposed mechanisms that we analyzed. Our studies of mixed-species flocks further 
indicated that they exhibit seasonal changes, which were especially pronounced in disturbed 
habitats that are less buffered from the changing seasons. Even though forest fragments and 
 xi 
secondary forest support fewer species with reduced abundances, diminished breeding bird 
communities, and impoverished flocks with larger seasonal contrast, they still retain a sizeable 
portion of the original forest-dependent community. Therefore, although these human-modified 
habitats cannot replace primary forest, conserving them remains a priority following 







The Amazon Rainforest is the largest rainforest and largest contiguous tropical forest on 
Earth. Approximately 60% of this forest is in Brazil, which, in large part, contributes to Brazil 
having the greatest extent of forest cover of any single country (Myers 1991; Skole and Tucker 
1993; Wilson 1988). In fact, Brazil contains nearly a third of the world’s primary forests (FAO 
2006). Tropical rainforests harbor more than half of global plant and animal diversity, despite 
covering only 7% of the Earth’s terrestrial surface (Figure I.1; Wilson 1988). For birds, the 
Amazon alone contains more than 10% of the world’s avifauna (~1300 species). Although 
western Amazonia is often considered to have the highest avian species richness on the planet, 
the alpha diversity of terra firme forest in central Amazonia is comparable (Cohn-Haft et al. 
1997; Johnson et al. 2011). For example, at our study site north of Manaus, Brazil, 409 species of 
birds have been detected, of which 268 are considered to comprise the core forest avifauna (Rutt 
et al. 2017).      
 
Figure I.1. Across all terrestrial vertebrates, the latitudinal biodiversity gradient highlights that 
equatorial regions (red), especially those dominated by lowland tropical rainforest, harbor the 




greatest number of species, but this biodiversity peak declines with latitude towards the poles 
(blue). Figure from Mannion et al. 2014. The latitudinal biodiversity gradient through deep time. 
Trends in Ecology & Evolution 29, 42-50. 
 
Although fires in the Amazon Rainforest garnered considerable international attention 
during the summer of 2019 (Figure I.2), this is not a novel phenomenon. In fact, manmade fires 
are commonplace in the southern half of the Amazon during the dry season. Twenty percent of 
the Brazilian Amazon has now been deforested and deforestation rates are increasing (Artaxo 
2019; INPE 2019). For example, 2018–2019 saw the highest rate of annual deforestation in more 
than a decade (2008; INPE 2019). During the past three decades alone, this amounts to a 
cumulative region nearly the size of California (INPE 2019). Yet deforestation in the tropics 
affects more than just the direct loss of avian habitat by isolating an abundance of small forest 
fragments (<100-ha) and inducing edge effects (Broadbent et al. 2008). Together, during the 
1980s, the insidious effects of edges and fragmentation contributed more to the reduction of 
Amazonian rainforest than did deforestation alone (Skole and Tucker 1993). Because habitat loss 
is the primary cause of species extinction (Pimm and Raven 2000), the combination of large-
scale deforestation in regions of unparalleled biodiversity is particularly alarming. 
Extensive deforestation combined with social and biophysical constraints has led to the 
rapid expansion of secondary forests in the Brazilian Amazon (Perz and Skole 2003). In recent 
decades, an increasing focus has been devoted to the conservation potential of these matrix 
habitats, which can profoundly affect the vulnerability of species within remnant forest 
fragments (Gascon et al. 1999; Kupfer et al. 2006). However, the ecological value of secondary 
forest remains poorly understood, despite the potential it may provide for the recovery of forest 
birds (Barlow et al. 2007; Bowen et al. 2007). The value of these regenerating forests has been 




preservation of primary forest (Chazdon 2014; Didham 2011; Gardner et al. 2007). Previous 
assessments span from the optimistic perspective that secondary and primary forest contain 
similar ecological value to the alternative that, regardless of any possible rescuing effects, 
current momentum will drive a mass tropical extinction (Brook et al. 2006; Gardner et al. 2007; 
Wright and Muller-Landau 2006b). Given this debate and the extent of degraded and 
regenerating forests, we need to continue to evaluate the conservation potential of human-
modified landscapes that result from Amazonian deforestation. 
 
Figure I.2. A map of the Brazilian Amazon, depicting regions that have been deforested through 
2018 (yellow) and locations with active fires in August 2019 (red) amidst present-day forest 
(green). Figure from The New York Times, 24 August 2019, “What satellite imagery tells us 





Although essential to first establish the avifaunal changes that accompany deforestation 
and fragmentation, to understand why bird populations decline in human-modified landscapes, 
we need to move beyond the mere documentation of deleterious effects. Only then, armed with 
this knowledge, can we hope to implement informed policy decisions about how to best manage 
these large-scale landscape alterations. Many mechanisms have been proposed to explain 
understory avian declines following human disturbances in the tropics, but evidence for these 
remains scare or equivocal. Some of these hypotheses are unique to tropical forest birds, which 
differ in their evolutionary and life histories from their temperate counterparts (Stratford and 
Robinson 2005). Collectively, at least nine distinct hypotheses have been proposed in the 
Neotropics: low population densities, large home range sizes, ecological specialization, visual 
constraints, physiological constraints, limited dispersal ability, food scarcity, increased (nest) 
predation, and reduced nest site availability (Canaday 1996; Cornelius et al. 2008; Robinson and 
Sherry 2012; Sekercioglu et al. 2002; Stratford and Robinson 2005). Therefore, while assessing 
the conservation value of human-modified habitats, it is critical to simultaneously test these 
proposed mechanisms of avian decline (Canaday 1996; Robinson and Sherry 2012; Stratford and 
Robinson 2005). 
In this study, we examine three proposed mechanisms and compare the conservation 
potential of degraded fragments and regenerating secondary forest with that of continuous 
primary forest at the Biological Dynamics of Forest Fragments Project (BDFFP; Figure I.3). 
Specifically, we evaluate whether birds in disturbed habitats exhibit physiological constraints to 
bright light (Chapter 1), reduced breeding activity or nest success (Chapter 2), and limited 




species interaction network and explore whether these seasonal changes are more pronounced in 
disturbed habitats (Chapter 4).  
 
Figure I.3. Map of the Biological Dynamics of Forest Fragments Project (BDFFP), north of 
Manaus, Amazonas, Brazil. Figure from Antongiovanni and Metzger. 2005. Influence of matrix 
habitats on the occurrence of insectivorous bird species in Amazonian forest fragments. 




CHAPTER 1. EXAMINING THE MICROCLIMATE HYPOTHESIS IN 




Insectivores that forage on or near the ground have consistently been identified among 
the most sensitive of tropical birds to anthropogenic habitat alteration (Canaday 1996; 
Sekercioglu et al. 2002; Stouffer and Bierregaard Jr. 1995; Stouffer et al. 2011; Stouffer et al. 
2009; Stratford and Stouffer 1999). A variety of mechanisms has been proposed for the decline 
of these terrestrial and understory insectivores in the tropics, including limited dispersal ability, 
ecological specialization, food scarcity, physiological constraints, visual constraints and 
increased nest predation (Canaday 1996; Johns 1986; Moore et al. 2008; Robinson and Sherry 
2012; Sekercioglu et al. 2002; Stratford and Robinson 2005). Yet mechanistic evidence for these 
hypotheses remains scarce or equivocal. Therefore, it is critical to assess proposed hypotheses 
that aim to identify the processes responsible for the decline of particularly sensitive species and 
guilds (Canaday 1996; Robinson and Sherry 2012; Stratford and Robinson 2005). 
Humid tropical forest understories are characterized by low and predictable 
environmental variability; such conditions produce a selective environment that narrows the 
microclimatic niche of resident birds (Janzen 1967). Aside from light gaps and associated gap‐
specialist birds, one feature that unites terrestrial and understory insectivores is that they share a 
stable, low‐light environment. In a terra firme forest outside of Manaus, Brazil, only ~1% of 
light that reaches the canopy penetrates to the lower understory (Shuttleworth et al. 1984).  
____________ 
This chapter was previously published as Rutt, C.L., Midway, S.R., Jirinec, V, Wolfe, J.D., 
Stouffer, P.C. 2019. Examining the microclimate hypothesis in Amazonian birds: indirect tests of 
the ‘visual constraints’ mechanism. Oikos 128:798-810. Reprinted by permission of the Oikos 




Moreover, light intensity exhibits relatively low diurnal and seasonal variability within tropical 
forest understories, much like other microclimatic variables (Chazdon and Fetcher 1984; Pollock 
et al. 2014). By contrast, disturbed microhabitats such as rainforest clearings show more extreme 
daily and seasonal fluctuations than heavily shaded forest understory (Chazdon and Fetcher 
1984). At the Biological Dynamics of Forest Fragments Project (BDFFP) in Brazil, elevated 
light levels at the edge of a forest fragment extend markedly to 20 m and more subtly as far as 
40 m into the understory (Kapos 1989), similar to the ~50 m distance of increased light 
penetration in other tropical studies (Patten and Smith-Patten 2012). 
 Most forest‐dependent insectivorous guilds show strong aversions to these brightly lit 
microhabitats, avoiding crossing even narrow gaps (i.e. gap avoidance; Develey and Stouffer 
2001; Lees and Peres 2009) and, for especially sensitive birds, avoiding edge habitat as well 
(Laurance 2004; Laurance et al. 2004). Edge and gap avoidance are correlated and likely act in 
concert to reduce gap‐crossing events (Laurance et al. 2004). Even some experimentally 
translocated species – Formicarius colma and Willisornis poecilinotus, a terrestrial and 
understory insectivore, respectively – did not immediately traverse a 50–75 m gap to return to 
their territories during the first day after being released, instead moving back‐and‐forth along the 
forest edge until dusk (Laurance and Gomez 2005). However, all marked birds were found on 
territory within about 90 min after dawn the next day, suggesting these birds returned while it 
was still relatively dark (Susan G. Laurance, pers. comm., Laurance and Gomez 2005). 
Although other mechanisms besides light sensitivity may constrain understory 
insectivores, bright light environments in more open habitats could discourage use of forest 
edges or gaps (Stratford and Robinson 2005). The visual constraints mechanism (or sensitivity to 




sensitivity of an organism to light, temperature, relative humidity, etc.) – a focus of recent 
research in Central America (Patten and Smith-Patten 2012; Pollock et al. 2014). For a suite of 
species at one of two sites, Patten and Smith‐Patten (2012) found that a species’ light 
environment predicted its regional population trend, particularly for those birds occupying low‐
light habitats, which tended to be more vulnerable to extirpation. By contrast, Pollock et al. 
(2014) found no evidence of microclimate selectivity for nine understory insectivores, although 
these species did avoid microhabitats with high light intensity. Additionally, Walther (2002) 
showed that within a foraging stratum, birds moved downward and into denser cover during 
periods of bright sunlight. Empirical studies have also shown that high light intensity can affect 
vigilance and predator detection, which may lead to the avoidance of sunlit patches (Fernandez-
Juricic et al. 2012; Fernandez-Juricic and Tran 2007). Light sensitivity may be an unlikely trait 
for declining temperate birds, but specialized terrestrial or lower understory species in the tropics 
may have unique adaptations that allow them to forage in low‐light levels (Stratford and 
Robinson 2005). 
Broadly, vertebrate visual systems represent a tradeoff between sensitivity (detecting low 
light intensity) and resolution (distinguishing detail; Land and Nilsson 2002). All else remaining 
equal, this depends upon the pupil aperture and focal length of the eye, where the wider the 
aperture, the more photons can be captured and the longer the focal length, the larger the image 
that is projected across the retina's photoreceptors (Land and Nilsson 2002; Martin 1993). In 
birds, a number of indirect metrics have been used to infer minimum visual sensitivity and 
resolution, including eye size and behaviors that are assumed to be light‐limited, such as the 
onset of foraging or singing at dawn (Berg et al. 2006; Ockendon et al. 2009; Thomas et al. 




large eyes (controlled for body mass) begin singing earlier at dawn than those with 
comparatively small eyes. Similarly, Berg et al. (2006) found that tropical species with larger 
eyes also initiate dawn song earlier, but this result hinged on controlling for foraging strata; 
understory species began singing later than canopy species due to light attenuation by vegetation. 
Visual capabilities have also been linked to the initiation of foraging at backyard feeding 
stations, where species with larger absolute and relative eye sizes arrive at feeders earlier than 
those with smaller eyes (Ockendon et al. 2009). Further, Thomas et al. (2004) found that 
experimentally shifting artificial light intensity earlier in the morning causes European robins 
Erithacus rubecula to both forage and sing earlier. 
On the other hand, there is also empirical evidence that long‐range calling increases 
predation risk (Hale 2004; Zuk and Kolluru 1998 review) and Krams (2001) found that life‐like 
models of a songbird were attacked more frequently by a sparrowhawk Accipiter nisus when 
presented with playback than without. Together, these studies suggest that an onset of activity at 
dawn (such as the time of first song) indicates that ambient light has reached a level at which a 
bird is visually capable of social communication and predator avoidance. Assuming a tradeoff 
between visual capacity at low and high light levels, we predict that species capable of activity at 
low light levels will be sensitive to bright light in degraded habitats (i.e. edges, gaps and young 
secondary forest). A recent study also demonstrated that species with increasing relative eye size 
exhibited increased edge avoidance, although their metric for edge avoidance (location of 
singing birds) was coarse and the pattern was not related to vulnerability more broadly across the 





Here we examine whether the effects of deforestation and forest fragmentation on avian 
abundance in the central Amazon might be explained by indirect metrics of light sensitivity. 
Specifically, we examine if eye size and the onset of dawn song are related to a species’ 
vulnerability to habitat degradation. We quantify vulnerability using long‐term mist‐net capture 
data from sites in primary and degraded forests at the same project. We predict that understory 
and midstory species with large relative eye sizes and those birds with earlier dawn songs will 
show increased vulnerability. 
 
1.2. METHODS 
1.2.1. Study area  
 
We tested our predictions by quantifying vulnerability and two metrics of light sensitivity 
at the Biological Dynamics of Forest Fragments Project (2°20′S, 60°W, Figure 1.1). The BDFFP 
is located ~80 km north of Manaus, Amazonas, Brazil, and is the largest experiment on tropical 
forest fragmentation in the world (Bierregaard Jr. et al. 2001; Laurance et al. 2011). In 
collaboration with cattle ranchers in the 1980s, researchers experimentally isolated 11 forest 
fragments of 1, 10 and 100‐ha on three ~15 000 ha fazendas (Figure 1.1). However, these cattle 
ranches have since been largely abandoned and replaced by regenerating second growth, 
resulting in a mosaic of open pastures, second growth and forest fragments embedded within a 
region that continues to be dominated by continuous primary terra firme forest (Figure 1.1). 
Regional terra firme forests lie atop nutrient‐poor soils that support a typical canopy height of 
25–30 m at the BDFFP (CLR, unpubl.). Average annual rainfall – as measured at Reserva 
Ducke, approximately 40 km to the south – is >2500 mm, which predominately accumulates 





Figure 1.1. Study sites at the Biological Dynamics of Forest Fragments Project, showing the 
location of the three historic cattle ranches that were cleared within a landscape that is otherwise 
surrounded by continuous primary forest. We here plot the 21 primary forest (solid circles) and 
15 degraded forest sites (empty circles) from which bird vulnerability estimates were derived 
using long‐term mist‐net capture data. 
 
1.2.2. Bird capture data  
 
To derive species‐specific vulnerability estimates, we compared mist‐net capture data 
collected from 2007 to 2016 in two forest types at the BDFFP – primary and degraded forest 
(Figure 1.1). Our vulnerability metric quantifies within‐species relative abundance in two habitat 
classes. It is not meant to reflect absolute abundance or interspecific differences in abundance. 
Twenty‐one primary forest mist‐netting sites were within forest tracts that were never cut or 
burned and stretched with minimal disturbance for 100s of km, especially to the north and east. 
Degraded sites (n = 15) were comprised of four sites in 1‐ha fragments, three in 10‐ha fragments 
and eight in secondary forest. In both primary and degraded forest, birds were captured with 




consecutive mist nets, open from sunrise (~6:00) until 14:00 on every sampling day; the lone 
exception is 1‐ha fragments, which can only fit a linear transect of eight nets. Every site (net 
line) was sampled at least four days during this 10‐year window (i.e. ≥four 8‐h periods) during 
the dry season (June–November). Taxonomy follows the South American Classification 
Committee (Remsen Jr. et al. 2020). 
1.2.3. Eye size and dawn song field data 
 
During routine passive banding operations at the BDFFP, we obtained reproducible, non‐
invasive maximum pupil diameter measurements of live birds using portrait photographs and a 
scale overlay, thus minimizing the inherent risk of directly measuring the eye with calipers 
(Martínez-Ortega et al. 2014; Ockendon et al. 2009; Schutz and Schulze 2014; Thomas et al. 
2002). Subsequently, we measured these photographs in ImageJ (ver. 1.50i) using a scaled pixel 
length (Figure 1.2). To obtain accurate absolute diameter estimates, we measured each 
photographed eye along three different axes and averaged the result for a single measurement per 
individual. We then corrected these mean absolute lengths for body size (resulting in a relative 
eye size variable), using that individual's body mass at the time of capture, except for six 
individuals without mass data. For these six exceptions, we corrected for body size using the 
average species‐specific mass (or the sex‐specific mass in sexually‐dimorphic species; Johnson 
and Wolfe 2017). Because there was a wider variation in body mass than eye size, we present 
relative eye sizes as the residuals from a linear regression of log (eye length) on log (body mass), 
following previous studies (Martínez-Ortega et al. 2014; Ockendon et al. 2009; Thomas et al. 






Figure 1.2. (a) Portrait photo of a male black‐headed antbird Percnostola rufifrons with a wing 
chord ruler used as a scale overlay. (b) In ImageJ, 1 mm was translated to a scaled pixel length, 
which was then used to obtain an accurate measurement of maximum pupil diameter. We 







the relative investment in eye size above or below what would be expected given a bird's body 
size (Hall and Heesy 2011). As we have only a single response variable per species 
(vulnerability), we averaged relative eye size by species. Furthermore, in order to ensure our 
measures of maximum pupil diameters are biologically relevant, we also obtained direct 
transverse eye diameters from Ritland (1982) for a subset of species (n = 39). These transverse 
eye diameters, averaged between the minimum and maximum transverse eye diameters, were 
measured on eyes removed by dissection from wet‐preserved specimens. However, we continued 
to use average species‐specific mass data from our site (Johnson and Wolfe 2017), as ‘weight’ in 
Ritland (1982) was estimated using wing length (Table 1.1, Appendix Figure B.1, Appendix 
Figure B.2). 
At five evenly spaced (300 m) sites in each of two primary forest plots, we recorded the 
time of first song (i.e. onset of dawn song) for all species. We visited each of these ten sites three 
times across seven months (November 2015–February 2016; June–August 2016) in order to 
register as many species as possible, while concurrently ensuring multiple observations per 
species. Each dawn song census began at nautical twilight (time 0), when the sun is 12° below 
the horizon (~45 min prior to local sunrise) and continued for 75 min; the time of first song was 
recorded as the deviation from nautical twilight. Here, time is used as a proxy for ambient light 
levels due to the strong correlation between time and light at twilight (Berg et al. 2006). Daily 
nautical twilight times were obtained from the Astronomical Applications Department of the US 
Naval Observatory (<http://aa.usno.navy.mil>) for coordinates in close proximity to one of the 
primary forest plots (2°24′ S, 59°53′ W). In all, 116 of 136 detected species were recorded on 
more than one morning. We pooled data across days and sites following Berg et al. (2006) using 




when a species begins to sing at dawn (Berg et al. 2006), we excluded canopy species, using the 
categorical foraging height classifications in Cohn‐Haft et al. (1997). 
1.2.4. Statistical analysis 
 
We developed models in a hierarchical Bayesian framework to first test for the effect of 
degraded versus primary forest on counts of 64 species that each had >5 total captures in our 
combined forest capture datasets. The coefficient for forest represents a species’ vulnerability – 
high coefficients represent species that are more often found in primary forest (vulnerable) and 
low coefficients refer to species that are more often found in degraded forest (less vulnerable). 
Given the relatively large number of species‐specific vulnerability estimates, our second question 
was what biological or ecological characteristics may have an effect on vulnerability. In other 
words, do species that have negative or positive vulnerabilities share common characteristics? 
We developed a hierarchical model with two levels. Level 1 estimates the vulnerability for each 
species, where species are random effects, and level 2 models those random effect estimates 
against hypothesized predictors that test for effects of dawn song and relative eye size. Level 2 
thus provides a test of whether species‐level predictors are significant factors in describing 
vulnerability, and our hierarchical formulation means that uncertainty is accounted for in a way 
that reflects the system we are modeling (compared to including a species‐level predictor like 
eye size into level 1 of the model, which would model the individuals within a species). For level 
1 of the model, we used a zero‐inflated Poisson, which permits the estimation of true zeros (i.e. a 
species does not occur) separate from count zeros (i.e. a species does occur, but abundance is 
zero). Level 1 of the model also includes an effort offset variable, which is essentially a covariate 
to account for different net hours at different sites. Our primary interest in level 1 of the model is 




(or the within‐species change in counts between forest habitats). These 64 slope estimates are 
then modeled in level 2, where they are separately regressed against dawn song and relative eye 
size. Significant effects of the level 2 predictors would suggest that dawn song or relative eye 
size are related to species’ vulnerability. Finally, we included family (where k = 19 families) as a 
level 2 random effect to account for phylogenetic non‐independence among species. While this 
approach is not as direct as eigenvector‐based methods on phylogenetic distance matrices, it is 
satisfactory at this phylogenetic scale because the vast majority of our species are from a single 
order (89%; Passeriformes) and are the sole representative of their genus in our sample (80%; 
Marc Kéry, pers. comm.). The full statistical description of these models and the evaluation 
criteria we used are available in Appendix B. 
1.2.5. Data deposition 
 
Data available from the Dryad Digital Repository: 




Across the two forest types, we compiled 4182 captures for our 64 species (Table 1.1). 
This includes 2537 captures of all species at 21 primary forest sites (13 507 net‐hours in effort) 
and 1645 captures of 57 species at 15 degraded forest sites (16 756 net‐hours). Effort per site in 
primary forest was 643.2 ± 138.7 net‐hours (mean ± SD) and 1117.1 ± 658.0 net‐hours in 
degraded forest. For our predictor variables, we measured maximum pupil diameter on 263 
individuals of 63 species (n = 4.17 ± 1.28 measurements/species, range 1–6 individuals). 
Absolute eye size ranged from 3.2 mm (Myrmotherula menetriesii) to 9.3 mm (Momotus 




and largest for Bucco, Malacoptila and Platyrinchus coronatus. Out of the 30 dawn song 
censuses, mean number of detections per species was 9.4 ± 7.74 SD (range: 2–27) for 45 species 
that were registered on at least two different mornings. Mean onset of dawn song ranged from 22 
to 68 min after nautical twilight, with Campylorhamphus, Bucco, Momotus, Micrastur and 
Dendrocolaptes among the earliest singers and Myrmotherula axillaris, Dixiphia, Gymnopithys, 
Cyphorhinus and Schiffornis among the latest. 
Of the 64 species we examined for level 1 of the model, 35 (54.7%) are classified as 
vulnerable (positive estimates that do not overlap with zero), whereas only four (6.3%) are 
invulnerable (i.e. the number of slope estimates (βjs) with 95% credible intervals (CRI) that are 
entirely negative and do not overlap zero; Figure 1.3). The remaining 25 species (39.1%) have 
95% CRIs that overlap zero and therefore have vulnerability estimates that are not statistically 
different from zero, despite most having point estimates greater than zero (i.e. more vulnerable 
than not). Together, these vulnerability estimates indicate that the majority of species for which 
we have sufficient capture data are more commonly captured in primary forest than in degraded 
forest such as small forest fragments and secondary forest. 
We ran two separate models for the two separate level 2 covariates (i.e. dawn song and 
relative eye size) in order to maximize the number of species included. (If we had reduced the 
dataset to include only those species with data for both covariates, we would have lost nearly a 
third (n = 20) of the present species suite.) In contrast to expectations (Thomas et al. 2002, Berg 
et al. 2006), dawn song and relative eye size were not highly correlated (Appendix Figure B.3). 





Table 1.1. Suite of central Amazonian bird species with >5 total captures at 36 BDFFP sites, including all covariates used in these 
analyses. 





















COLUMBIDAE           
Geotrygon montana 7 13 0.88 34 6.80 103.4 -0.120 12.95 113.3 -0.171 
TROGONIDAE           
Trogon rufus 5 4 0.33 51 6.61 50.5 0.065 14.40 49.4 0.167 
MOMOTIDAE           
Momotus momota 13 13 0.01 23 9.29 131.2 0.117 17.65 133.7 0.092 
GALBULIDAE           
Galbula albirostris 35 21 -0.55 54 5.26 18.3 0.142 10.85 17.9 0.167 
BUCCONIDAE           
Bucco capensis 4 4 0.61 22 7.24 50.6 0.156 — — — 
Malacoptila fusca 8 25 1.11 — 7.04 44.5 0.164 — — — 
FALCONIDAE           
Micrastur gilvicollis 6 4 -0.51 24 — 212.9 — 20.70 212.9 0.122 
THAMNOPHILIDAE           
Frederickena viridis 0 9 2.38 56 7.57 66.3 0.117 — — — 
Thamnophilus murinus 17 16 0.04 36 4.88 17.5 0.083 — — — 
Thamnomanes ardesiacus 31 103 1.07 45 5.22 18.6 0.132 — — — 
Thamnomanes caesius 49 75 0.73 45 5.02 16.7 0.124 9.30 17.6 0.018 
Epinecrophylla gutturalis 14 57 1.50 — 3.25 8.5 -0.109 — — — 
Myrmotherula axillaris 14 24 0.41 60 3.28 7.0 -0.037 6.90 7.7 -0.048 
Myrmotherula longipennis 11 62 1.29 47 3.52 7.9 -0.005 — — — 
Myrmotherula menetriesii 6 32 1.63 44 3.23 7.6 -0.079 — — — 





























Myrmelastes leucostigma 4 8 1.07 — 5.04 22.6 0.038 — — — 
Myrmoderus ferrugineus 7 13 1.06 55 4.68 23.5 -0.050 9.30 24.9 -0.079 
Myrmornis torquata 0 9 2.55 41 5.13 43.0 -0.140 — — — 
Pithys albifrons 157 325 0.65 — 4.80 19.5 0.031 8.70 20.1 -0.086 
Gymnopithys rufigula 51 133 1.03 64 4.88 26.4 -0.044 9.65 29.1 -0.085 
Willisornis poecilinotus 49 154 0.68 56 5.08 16.3 0.142 9.88 16.8 0.090 
CONOPOPHAGIDAE           
Conopophaga aurita 8 5 0.18 — 5.54 22.1 0.137 10.35 23.8 0.040 
FORMICARIIDAE           
Formicarius colma 13 38 0.95 49 6.01 45.3 0.002 11.45 46.3 -0.045 
FURNARIIDAE           
Sclerurus mexicanus 0 6 2.43 42 4.48 24.0 -0.098 — — — 
Sclerurus rufigularis 1 21 2.58 — 4.29 21.6 -0.111 — — — 
Certhiasomus stictolaemus 2 45 2.82 48 4.17 17.0 -0.066 — — — 
Deconychura longicauda 0 9 2.62 40 4.77 26.7 -0.067 8.90 29.1 -0.167 
Dendrocincla merula 14 44 0.75 — 5.80 51.7 -0.073 — — — 
Dendrocincla fuliginosa 20 19 0.13 39 5.96 41.1 0.025 10.63 40.2 -0.080 
Glyphorynchus spirurus 229 204 0.13 39 3.70 13.4 -0.112 7.63 13.7 -0.111 
Dendrocolaptes certhia 8 3 -0.27 24 6.87 61.7 0.043 13.93 66.6 0.050 
Hylexetastes perrotii 3 6 0.77 35 7.31 109.2 -0.067 — — — 
Xiphorhynchus pardalotus 40 50 0.37 35 4.95 35.2 -0.116 — — — 
Camp. procurvoides 3 5 1.01 22 4.30 34.3 -0.246 — — — 
Xenops minutus 16 20 0.38 34 3.28 11.4 -0.183 6.38 12.3 -0.259 
Philydor erythrocercum 3 8 1.36 57 4.09 21.1 -0.151 8.10 23.9 -0.206 
Clibanornis rubiginosus 1 15 2.39 — 5.32 36.5 -0.054 — — — 
Automolus ochrolaemus 14 1 -1.09 — 4.86 32.7 -0.110 9.80 34.1 -0.115 
 
(table cont’d.) 

























Automolus infuscatus 18 44 0.71 45 4.74 31.3 -0.122 10.10 31.6 -0.063 
Corythopis torquatus 2 32 2.94 46 4.15 14.5 -0.023 8.93 14.9 0.023 
TYRANNIDAE           
Mionectes macconnelli 52 88 0.57 — 3.76 11.7 -0.056 8.25 12.3 -0.002 
Rhynchocyclus olivaceus 10 9 0.26 — 4.58 18.9 -0.005 10.30 20.0 0.084 
Platyrinchus saturatus 0 37 3.61 — 4.19 9.5 0.115 — — — 
Platyrinchus coronatus 8 42 1.69 48 4.20 8.0 0.169 8.65 8.5 0.148 
Onychorhynchus coronatus 2 10 1.82 — 4.51 14.2 0.065 9.05 14.0 0.055 
Myiobius barbatus 7 54 2.15 — 4.06 9.9 0.069 8.70 10.2 0.104 
Terenotriccus erythrurus 11 9 -0.20 — 3.42 6.7 0.019 7.85 6.6 0.122 
Attila spadiceus 5 13 1.19 29 6.06 32.9 0.109 12.70 33.4 0.150 
PIPRIDAE           
Corapipo gutturalis 4 33 2.31 50 3.41 7.5 -0.019 7.15 8.1 -0.029 
Lepidothrix serena 71 51 -0.15 54 3.68 9.6 -0.019 8.00 10.5 0.012 
Manacus 5 1 0.04 — 4.18 15.3 -0.031 8.55 15.7 -0.035 
Dixiphia pipra 274 165 -0.29 62 4.32 12.7 0.057 8.55 11.4 0.055 
Ceratopipra erythrocephala 88 14 -1.41 45 4.16 11.8 0.041 8.45 11.5 0.040 
Schiffornis olivacea 2 40 2.69 68 5.83 33.5 0.065 12.15 33.6 0.104 
VIREONIDAE           
Tunchiornis ochraceiceps 2 43 2.91 53 3.49 9.5 -0.067 7.70 10.0 -0.013 
TROGLODYTIDAE           
Microcerculus bambla 1 5 1.82 — 4.56 16.7 0.028 — — — 
Cyphorhinus arada 1 19 2.75 66 4.26 19.8 -0.089 8.70 20.2 -0.088 
POLIOPTILIDAE           
Microbates collaris 0 44 3.59 58 3.93 10.4 0.022 — — — 
TURDIDAE           
 
(table cont’d.) 

























Turdus albicollis 59 49 -0.04 56 6.12 47.5 0.006 12.50 49.2 0.026 
THRAUPIDAE           
Tachyphonus surinamus 37 35 0.02 49 4.49 20.1 -0.044 — — — 
Lanio fulvus 0 7 2.54 51 4.93 25.1 -0.016 — — — 
CARDINALIDAE           
Cyanoloxia cyanoides 4 7 0.93 — 4.61 24.7 -0.078 — — — 
1 Vulnerability estimates are derived from level one of the hierarchical Bayesian model 
2  Mean time of first song measured in minutes past nautical twilight (time 0) 
3 Maximum pupil diameter (mm) estimates measured from portrait photographs of live birds 
4 Body mass (g) at the time of capture for birds with photographed eyes 
5 Residuals from a linear regression of log (maximum pupil diameter) on log (body mass) 
6 Average between minimum and maximum transverse eye diameters (mm) in Ritland (1982) 




Figure 1.3. Means (dots) and 95% credible interval (lines) estimates of vulnerability for n = 64 
species included in this study. Species are ordered by their means, from least vulnerable to most 
vulnerable, with green or red dots highlighting species that are invulnerable (βj < 0) or vulnerable 
(βj > 0), respectively, based on 95% credible intervals that do not overlap zero. The dashed line at 
zero separates species more often captured in degraded forest (below) from those more often 
captured in primary forest (above). 
 
After accounting for family, vulnerability was positively correlated with the mean start 
time of dawn song (posterior mean and 95% CRI = 0.04 [0.02, 0.06]; Figure 1.4). After 
accounting for body size, however, relative eye size was not associated with vulnerability 
(posterior mean and 95% CRI = 0.188 [−2.223, 2.637]; Figure 1.5). As specified in Methods, we 
ran full models with a random intercept for family included in level 2, for which there was no 
effect. However, since this prevented us from modeling a global slope on level 2 covariates, we 





Figure 1.4. Relationship between the mean onset of dawn song and vulnerability for 45 species 
of birds. Vulnerability estimates are species-specific posterior mean slopes for the effect of forest 
(solid circles) and 95% CRI (vertical lines), where high coefficients represent species more often 
found in primary forest (vulnerable) and low coefficients refer to species more often captured in 
degraded forest (less vulnerable). The solid regression line is bounded by a 90% CRI shaded 
region. Minutes on the x-axis are deviation from nautical twilight, or when the sun is 12° below 





 It has long been recognized that many understory tropical birds, dwelling in dim light 
environments, have large eyes (Orians 1969). We considered whether this morphological 
relationship has implications for vulnerability to rainforest disturbance. We used two broad, 
albeit indirect, tests of light sensitivity under the microclimate hypothesis, relating these to 
robust species‐specific estimates of vulnerability (Figure 1.3). Previous studies have focused on 
light/microclimate associations (Patten and Smith-Patten 2012), light/microclimate selection as 




detections along a transect 100 m from an edge (Martínez-Ortega et al. 2014). Here, we analyzed 
vulnerability for a total of 64 species between dawn song (45 species) and eye size (63 species). 
 
Figure 1.5. Relationship between relative eye size and vulnerability for 63 species of birds. 
Relative eye size is the average species‐specific residual from a linear regression of log 
(maximum pupil diameter) on log (body mass). Vulnerability estimates are species‐specific 
posterior mean slopes for the effect of forest (solid circles) and 95% CRI (vertical lines), where 
high coefficients represent species more often found in primary forest (vulnerable) and low 
coefficients refer to species more often captured in degraded forest (less vulnerable). The solid 
regression line is bounded by a 90% CRI shaded region. 
 
Although our results did not support our predictions, we found a significant relationship 
between species’ vulnerability to habitat degradation and dawn song. Assuming that visual 
sensitivity (detecting low light intensity) influences the order of dawn song initiation and is 
enhanced for those species with large eyes, we predicted that the most intuitive support of the 
visual constraints mechanism would demonstrate that large‐eyed, early‐singing species would be 
most vulnerable to habitat degradation. Indeed, that is what Martínez‐Ortega (2014) found at 
nearby Reserva Ducke if we equate their edge avoidance index with our vulnerability metric: 




However, despite close proximity (~40 km apart) between the two study sites, we found no 
relationship between relative eye size and vulnerability, even when we similarly subsetted 
species by strata to separately examine understory and midstory species. This discrepancy could 
be due to the fact that the two datasets shared relatively few species, and the Reserva Ducke 
study included species that are common in major disturbed areas along the outskirts of Manaus, 
but unlikely to be found in interior primary forest. Uniquely, and contrary to our expectations, 
the mean start time of dawn song was positively correlated with vulnerability, indicating that 
species that wait to initiate dawn song were more vulnerable to habitat degradation. However, we 
found no evidence that early‐singing species that vocalize in relative darkness were captured less 
often in degraded forest – habitat characterized by high‐intensity light conditions. 
Staicer et al. (1996) reviewed at least a dozen non‐mutually exclusive ultimate 
hypotheses to explain why many birds produce peak bouts of singing at dawn, broadly classified 
by intrinsic (hormonal levels), social (mate and territorial communication), and environmental 
(e.g. abiotic conditions) factors. For timing of first song, light intensity is clearly an important 
proximal cue (Staicer et al. 1996). Initiation times for dawn song are repeatable within a species, 
given in a predictable order within a community, and track sunrise/civil twilight curves 
throughout the boreal summer, beginning rather precisely at a narrow range of light intensities, 
suggesting that the structuring of dawn song across species is strongly related to light availability 
(Allard 1930; Berg et al. 2006; Leopold and Eynon 1961; Staicer et al. 1996; Wright 1913). 
Characteristics that are associated with species’ vulnerability should be informative to define 
what makes a species sensitive to forest degradation, particularly in stable environments with 
highly specialized birds. Because we did not find a correlation between relative eye size and 




may be an unrelated third factor that links vulnerability and late onset of dawn song. One such 
possibility is low density, which has been shown to depress dawn singing in Tyrannus tyrannus, 
delaying onset and even suppressing dawn song entirely (Sexton et al. 2007). Furthermore, 
Hodgson et al. (2018) found that two species of Turdidae could be induced to advance singing at 
dawn (by 8 and 17 min, though not earlier) by conspecific playback, suggesting a putative 
mechanism for density mediating the onset of dawn song. Consistent with reduced densities, we 
detected the 12 most vulnerable species only half as frequently as the average species during the 
dawn song censuses. However, to fully explore this hypothesis, we would need to know the 
territory configuration around the individuals that were censused. 
A closer inspection of the organization of species‐specific vulnerability values by dawn 
song reveals some interesting patterns. No vulnerable species initiated dawn song until ~40 min 
after nautical twilight (39.7 min; Deconychura longicauda), which is ~7.5 min prior to mean 
local sunrise (47.5 min; Figure 1.4). Twelve species, however, started singing between 20 and 
40 min after nautical twilight. Half of these invulnerable species were woodcreepers 
(Dendrocolaptinae), but this list also included a puffbird (Bucconidae), motmot (Momotidae), 
falcon (Falconidae), ovenbird (Furnariidae), dove (Columbidae) and antbird (Thamnophilidae). 
On the other end, the average start time for the 12 most vulnerable species was 51.5 min after 
nautical twilight. Many of these are terrestrial insectivores or species associated with mixed‐
species flocks, two ecological guilds that have long been identified as vulnerable (Canaday and 
Rivadeneyra 2001; Laurance 2004; Stouffer et al. 2006; Stratford and Stouffer 1999). For mixed‐
species flock members, most obligate species initiated dawn song shortly before sunrise (44.1–
47.7 min after nautical twilight), but the earliest (34 min; Xenops minutus) is the least vulnerable 




[53.3 min]) are the most vulnerable. Surprisingly, no terrestrial or near‐ground insectivores 
included in our analysis began singing prior to 40 min after nautical twilight, despite these 
species occupying the lowest and darkest stratum of the forest. That said, rarely captured 
terrestrial insectivores (antpittas; Grallariidae), with insufficient captures to estimate 
vulnerability, are among the earliest singing songbirds at our site (Grallaria varia [20 min], 
Hylopezus macularius [28.5 min] and Myrmothera campanisona [28.5 min]). 
 In light of these results, additional metrics of visual sensitivity may better demonstrate 
sensitivity to high light intensities. Staying within the realm of presumably light‐limited 
behaviors, for example, the morning cessation of dawn song or attenuation of foraging rates are 
likely more informative than initiation, though this would be more difficult to quantify 
unambiguously. Conversely, the re‐initiation of these activities towards the end of the day would 
be easier to quantify, although probably less striking and with fewer species involved. Further, 
measuring axial (or focal) length in addition to maximum pupil aperture would help characterize 
eye structure more holistically, without examining the eye internally (Land and Nilsson 2002; 
Martin et al. 2004; Martin 1993; Thomas et al. 2004). For live birds, however, manipulations 
with artificial light or controlled light environments would likely yield the most robust results. In 
order to more accurately measure maximum pupil aperture, Thomas et al. (2004) suggest 
photographing a dark‐adapted eye (e.g. a bird in a dark room) with an infrared camera and scale 
overlay. Alternatively, this could be done in a bright room (i.e. a fixed high light intensity) to 
measure the minimum pupil diameter or the time it takes for an eye to adapt to bright sunlight or 
complete darkness. Stratford and Robinson (2005) propose examining internal eye structure 
(density/size of photoreceptors) and cell sensitivities in a comparative framework, such as 




and Myrmelastes leucostigma, respectively, in our study system). This could be done directly in 
the lab using electroretinography or with behavioral assays as an indirect proxy. The best 
approach, however, would be to collect specimens, immediately extract the eyes, and examine 
them physiologically (Esteban Fernández‐Juricic, pers. comm.). Finally, quantifying the full 
range of natural light environments (including use of bright microenvironments such as 
sunflecks) for phylogenetically‐controlled species pairs that differ in vulnerability would also 
provide valuable insight. 
 Together, our results do not provide quantitative support for the light sensitivity 
hypothesis; however, by focusing on metrics unique to light sensitivity, researchers can isolate 
physiological mechanisms associated with light sensitivity from other competing aspects of the 
microclimate hypothesis, which are often highly correlated in disturbed microhabitats (e.g. 
reduced humidity and increased temperature). Although the metrics we employed are admittedly 
coarse for something as complex as avian vision, our results suggest that there may still be an 
association between light sensitivity and species‐specific vulnerability. Given various lines of 
evidence for light sensitivity among forest‐dependent Neotropical birds, there is a critical need 





CHAPTER 2. DISTURBED AMAZONIAN FORESTS SUPPORT 
DIMINISHED BREEDING BIRD COMMUNITIES 
 
2.1. INTRODUCTION 
Approximately 20% of the Brazilian Amazon has now been deforested (Artaxo 2019). 
During the last three decades alone (1988-2017), the area lost to deforestation is larger than the 
size of California (INPE 2019). Moreover, deforestation rates in the Brazilian Amazon are 
increasing (+114% between 2012 and 2019), a trend that has now spanned multiple 
administrations in Brazil (Artaxo 2019; INPE 2019). Deforestation affects more than just the 
direct loss of forest by isolating an abundance of small forest fragments and inducing edge 
effects (Broadbent et al. 2008). Yet despite the amount of disturbed forests throughout 
Amazonia, the ecological value of these habitats for forest fauna, particularly within regenerating 
forests, remains poorly understood (Bowen et al. 2007).  
To date, most faunal studies that examine the conservation value of tropical fragmented 
and regenerating landscapes have focused on metrics that are relatively easy to quantify: species 
presence–absence, species richness and composition, or species abundance (Bowen et al. 2007; 
Chazdon et al. 2009; Dent and Wright 2009; Dunn 2004; Laurance et al. 2018). These metrics 
provide a critical first step to evaluate the conservation potential of these habitats. For example, 
if an old-growth species is absent or extremely rare in disturbed forests, we can presume that 
those habitats will be of little value to its long-term persistence and viability. However, 
presence–absence data cannot tell us how old-growth species that occupy disturbed forests use 
these human-modified landscapes, or whether these forests simply represent population “sinks” 
(Chazdon et al. 2009). Moreover, abundance data alone can be a misleading indicator of habitat 
quality (Van Horne 1983), and high species abundance in marginal habitat could instead result 




To assess habitat quality properly, we need to complement occupancy and abundance 
data with fitness metrics such as survivorship and reproductive success. For Neotropical birds, 
however, these kinds of studies are often impractical and logistically challenging, requiring many 
years and large sample sizes across habitats to estimate survival or nest success, and few studies 
have examined these fitness metrics (Powell et al. 2015; Visco and Sherry 2015; Young et al. 
2008). However, we can begin by bolstering occupancy data with breeding behavior, to ensure 
that old-growth species are not only present in disturbed forests, but are also paired, sexually 
mature residents that perceive the habitat as suitable for breeding. By comparing breeding 
activity in disturbed forests against an old-growth baseline, we will gain a much more nuanced 
perspective of the conservation value of these increasingly widespread disturbances. 
In this study, we focus on avian breeding activity in disturbed Amazonian forests 
following two different processes: fragmentation and clearcutting. For the first time, we describe 
the breeding bird communities in the fragments and secondary forests and compare these 
disturbed habitats with adjacent old-growth forest. Furthermore, we do so across a full annual 
cycle using consistent sampling, giving us the opportunity to survey the majority of nesting 
songbirds, because breeding seasonality in Amazonian birds is much less fixed than temperate 
species and can peak during the wet or dry season (Stouffer et al. 2013). We expect that 
fragments and secondary forests will support a decreasing subset of breeding, forest-dependent 
species compared to old-growth forest, with fewer breeding individuals producing fewer 
fledglings. The results of this study will provide important insight into how the birds themselves 







2.2.1. Study area and sampling 
 
We examined breeding bird communities in disturbed and old-growth forest at the 
Biological Dynamics of Forest Fragments Project (BDFFP; 2°20′S, 60°W, Figure 2.1), ~80 km 
north of Manaus, Amazonas, Brazil. This project is the ideal Neotropical location to investigate 
this question, because it contains small forest fragments that were isolated when surrounding 
cattle ranches were clearcut between 1980 and 1983. However, these cattle ranches have since 
been abandoned and are presently occupied by 30–35-year-old secondary forest. These areas of 
anthropogenic disturbance are embedded within a region dominated by continuous old-growth 
terra firme forest. To generate the most comprehensive sample of breeding birds, we synthesized 
breeding evidence from standardized mist-netting, observational data, and opportunistic nest-
searching. We compared three discrete forest treatments, each with a different history of land-
use, which represent a gradient of disturbance: old-growth forest (hereafter, primary forest), 10-
ha forest fragments (hereafter, fragments), and secondary forest. Collectively, we refer to both 
fragments and secondary forest as disturbed forest. For each treatment, we sampled two 
replicates (hereafter, sites). Every site was visited monthly for a year (Sep 2015–Aug 2016) and 
then again from Aug–Oct 2017. The annual cycle here is typically split between a six-month 
rainy season (December–May) and a six-month dry season (June–November) (L.A. Candido, 
pers. comm.; see also Stouffer et al. 2013). Thus, our 15 months of sampling include half of three 
successive dry seasons (Sep–Nov 2015, Jun–Aug 2016, and Aug–Oct 2017) and an entire wet 





Figure 2.1. Study sites at the Biological Dynamics of Forest Fragments Project (BDFFP), with 
two sites for each treatment. The gray background represents continuous primary forest whereas 
white indicates the historic clearcuts for two cattle ranches. These ranches have since been 
abandoned and are now composed of 30–35-year-old secondary forest. The six net lines are 
shown in strings of black dots and the green GPS tracks illustrate the location of the 12 
understory mixed-species flocks sampled. Text refers to the treatment and the four-digit BDFFP 
reserve codes (sites). 
2.2.2. Forest types 
 
Qualitative characterization of these three forest types reveal some conspicuous 
differences among treatments (see Appendix Figure C.1). The tree community in primary forest 
is hyper-diverse, with >1200 species representing more than 60 families (Laurance 2001). These 
forests lie atop weathered, nutrient-poor soils that support a typical canopy height of 25-30 m; 
however, emergent trees regularly ascend to heights of ~40 m (CLR, unpubl. data). The 
relatively open understory of these primary forests is dominated by palms. Small forest 
fragments retain many of these primary forest features, but elevated light levels and wind 




which leads to increased tree damage and mortality near the edge (Kapos 1989; Laurance et al. 
1998). This leads to shifts in plant community composition along fragment borders, including an 
increase in liana abundance and disturbance-loving pioneer trees (Laurance et al. 2006; Laurance 
et al. 2001). Finally, compared to primary forest, secondary forests are less diverse, less 
stratified, populated by smaller trees with a shorter canopy height (mean = 21.5 m at these two 
sites), lack emergent trees, and harbor a dense understory. For example, within four 3 x 100 m 
transects in 35-year-old secondary forest, there were 16 trees with a dbh greater than 30 cm and 
only a single tree >45 cm (Rita Mesquita, pers comm). Because these patches were never burned 
to create pastures, they were originally dominated by Cecropia (Mesquita et al. 2001), but in the 
past two decades these forests have transitioned to a more diverse suite of shade-tolerant species 
(Longworth et al. 2014). 
2.2.3. Bird capture data 
 
At each site, we captured birds using a single, linear transect of sixteen 12x2-m mist nets. 
Net lines were open from 6:00 until 14:00 on every sampling day (sunrise varied from 5:37-6:08 
throughout the year). We sampled each site (net line) once per month. For this study, we were 
exclusively interested in physical signs of breeding condition, namely the presence of an active 
incubation or brood patch (hereafter, brood patch). Hormonally induced, brood patches are the 
culmination of a suite of physical and physiological changes that allow the incubating or 
brooding bird to transfer heat more efficiently to the eggs or recently hatched young (Bailey 
1952; Jones 1971). These changes include the loss (if present) of downy feathers from the 
abdomen, an increase in the size and number of subcutaneous blood vessels, and the 
accumulation of fluid beneath the skin (edema; Bailey 1952). For songbirds, these characteristics 




during the late nestling period (Bailey 1952; Jones 1971). Therefore, we can be confident that an 
active brood patch indicates an active or soon-to-be active nest, because vascularized and 
edematous brood patches coincide with eggs and young nestlings. We characterized active brood 
patches as those that were either “new and wrinkled” or with “veins and loose skin,” excluding 
those that could not be identified unambiguously. Because this necessarily excludes individuals 
that do not develop brood patches (e.g., breeding adult males of some species), categorizing 
breeding birds based on brood patches is conservative. However, the presence of an active brood 
patch confirms that a species is both paired and actively reproducing on site (i.e., a resident and 
not a transient). Because we are principally interested in describing which species are both 
present and breeding at a site, this count metric does not assume an equal probability of capture 
across treatments. 
2.2.4. Flock-following observational data  
 
At each site, we also sampled understory mixed-species flocks for evidence of breeding. 
To do so, we first selected that flock whose home range intersected the net line. In primary and 
secondary forest, we additionally followed one or two adjacent flocks at each site; however, 
because 10-ha fragments only contain a single flock (Rutt et al. 2020), no additional flocks were 
available in that habitat. In all, we followed 12 flocks among the three treatments: primary forest 
(n=5), 10-ha fragments (n=2), and secondary forest (n=5). Just as with the net lines, each flock 
was visited once per month but for a duration of three hours. During this time, we recorded any 
behaviors that confirm breeding according to the North American Bird Atlas Committee (Table 
2.1; Laughlin et al. 1990). Flock-following had two major advantages to complement the bird 
capture data: first, it allowed us to more completely sample all forest strata, as we were not 




that were successful by identifying fledglings. Because this approach optimizes observer 
efficiency by sampling a suite of species at once, it alleviates some of the problems of low 
sample sizes in conventional nest success studies.  
2.2.5. Opportunistic nest-searching  
 
We occasionally found nests while mist-netting or flock-following, which we then 
recorded and monitored. This effort, however, was strictly opportunistic and was confined to the 
amount of combined time spent mist-netting and flock-following at a given site, i.e., 2-3 
days/month in primary forest, 2 days/month in 10-ha fragments, and 2-3 days/month secondary 
forest. 
2.2.6. Categorization of bird species  
 
We grouped all breeding species by ecological guild and nest architecture to allow further 
comparisons among treatments (Table 2.2). Guild categories generally combined diet and 
vertical foraging strata, unless a species exhibited strong sociality (e.g. army-ant follower, 
mixed-species flock) or a specialized foraging mode (e.g., hummingbirds, woodcreepers). Using 
a literature review, we grouped nest sites into five categories (open cup, tree hole, enclosed, 
ground, and burrow) by comparing species accounts in Hilty (2002) and del Hoyo et al. (2019) 
and then cross-referencing these against a similar categorization for a subset of species in Jullien 




Table 2.1. Physical or behavioral evidence that confirms local breeding in descending order of importance, with the highest possible 
evidence at the top. Hierarchy follows eBird (Sullivan et al. 2009), except for the FL and CF codes, which we swapped, as FL offers 
advanced evidence of successful breeding (i.e., that an offspring has fledged and is no longer nest-bound). Codes and evidence 
otherwise follow the North American Bird Atlas Committee (Laughlin et al. 1990). 
 
  Code Evidence of confirmed breeding Notes 
1 NY Nest with Young seen or heard  
2 NE Nest with Egg(s)  
3 FS Adult carrying Fecal Sac  
4 FY Adult Feeding recently fledged Young  
5 FL Recently Fledged young Young restricted to natal area by dependence on adults or limited mobility 
6 CF Carrying Food*  
7 ON Occupied Nest  Nest contents unseen (e.g., too high or enclosed) 
8 NB Nest Building Nest found 
9 CN Carrying Nesting material* Nest not located 
10 PE Physiological Evidence  Incubation/brood patch 
 












Table 2.2. The 64 species confirmed breeding at the Biological Dynamics of Forest Fragments Project, broken down by treatment and 
site. For ease of comparison, gray cells highlight those species confirmed at each site and two-letter codes refer to shorthand for 
breeding evidence that was adopted from the North American Bird Atlas Committee (see Table 2.1; Laughlin et al. 1990). The 
maximum number of codes per column differs depending on the number of understory mixed-species flocks followed at each site: one 
(1202 and 3209), two (1014 and 3512), or three flocks (3015 and 1511). To these, the code PE (Physiological Evidence) is added if 
that species was confirmed with an active brood patch while passive mist-netting at a site. Ecological guild and nest architecture are 
also denoted for each species. Species in bold were confirmed breeding in all three treatments.    
 
Treatment Secondary   Fragment   Primary     
Species                         Site 1014 3015   1202 3209   1511 3512 Guild Nest 
Geotrygon montana NY NE  NY   NE  terrestrial granivore open cup 
Nyctidromus albicollis  NE       aerial insectivore ground 
Phaethornis bourcieri    NE    NY hummingbird open cup 
Trogon viridis     NY    canopy frugivore tree hole* 
Piculus flavigula    FY   FY FL woodpecker tree hole 
Euchrepomis spodioptila    CN CN  CN  canopy insectivore NA
† 
Cymbilaimus lineatus  FY     CN  midstory insectivore open cup 
Frederickena viridis        PE near-ground insectivore open cup 
Thamnophilus murinus ON/PE PE      FY/PE midstory insectivore open cup 
Thamnomanes ardesiacus FL   FY   FY/FL/PE FY/CN/PE mixed-species flock open cup 
Thamnomanes caesius NY/FY/PE FY/FY/FY  NY/PE NY/PE  NE/FY/CN/PE FY/FY/PE mixed-species flock open cup 
Isleria guttata       PE  near-ground insectivore open cup 
Epinecrophylla gutturalis NY/FL NY/FY/FY  FY FL  FY/FY/FY FY mixed-species flock enclosed 
Myrmotherula axillaris FY/FL/PE FY  FL/PE FY  FY  mixed-species flock open cup 
Myrmotherula longipennis      FY/FY/FL/PE PE mixed-species flock open cup 
Myrmotherula menetriesii FL/CN FY/FY  FY CN  FY/FL/NB FY/FY/PE mixed-species flock open cup 
Herp. dorsimaculatus FY        canopy insectivore open cup 
Hypocnemis cantator PE NE  NY/PE PE    gap insectivore open cup 
Percnostola rufifrons PE PE  PE   PE PE gap insectivore enclosed 
Myrmoderus ferrugineus     PE   PE terrestrial insectivore ground 
Myrmornis torquata       PE  terrestrial insectivore open cup 
Pithys albifrons PE    PE  PE PE army-ant follower open cup 
           




Treatment Secondary   Fragment   Primary     
Species                         Site 1014 3015   1202 3209   1511 3512 Guild Nest 
Gymnopithys rufigula  PE  PE PE  PE PE army-ant follower tree hole 
Willisornis poecilinotus PE      PE  near-ground insectivore tree hole 
Conopophaga aurita    PE     near-ground insectivore open cup 
Hylopezus macularius       PE  terrestrial insectivore open cup 
Formicarius colma       PE PE terrestrial insectivore tree hole 
Formicarius analis       PE  terrestrial insectivore tree hole 
Certhiasomus stictolaemus       PE woodcreeper tree hole 
Deconychura longicauda        FY woodcreeper tree hole 
Dendrocincla merula       PE PE army-ant follower tree hole 
Dendrocincla fuliginosa    PE PE   PE army-ant follower tree hole 
Glyphorynchus spirurus PE NY/NE/PE  PE PE  PE PE woodcreeper tree hole 
Dendrocolaptes certhia    PE PE    army-ant follower tree hole 
Hylexetastes perrotii        PE army-ant follower tree hole 
Xiphorhynchus pardalotus FL FL  FY/PE FY/PE  FY/FY/PE FY/PE mixed-species flock tree hole 
Xenops minutus    PE   FL  midstory insectivore tree hole 
Microxenops milleri        FL canopy insectivore tree hole* 
Automolus infuscatus  PE      FL/FL mixed-species flock burrow 
Mionectes macconnelli    PE    PE midstory frugivore enclosed 
Hemitriccus zosterops     PE    midstory insectivore enclosed 
Rhynchocyclus olivaceus    PE FY/PE  PE  midstory insectivore enclosed 
Tolmomyias assimilis FL FL/FL  FL   FL FL/FL midstory insectivore enclosed 
Myiobius barbatus        NE midstory insectivore enclosed 
Attila spadiceus PE    PE    midstory insectivore open cup 
Corapipo gutturalis     PE  PE  midstory frugivore open cup 
Lepidothrix serena     PE    understory frugivore open cup 
Dixiphia pipra PE PE  PE PE  PE PE understory frugivore open cup 
Ceratopip. erythrocephala    PE PE  PE  midstory frugivore open cup 
Schiffornis olivacea       PE  understory frugivore open cup 
Pachyramphus marginatus    FL FY  FY/NB FL canopy frugivore enclosed 
Pachyramphus minor        FY canopy frugivore enclosed 
Cyclarhis gujanensis    FY     canopy insectivore open cup 
           




Treatment Secondary   Fragment   Primary     
Species                         Site 1014 3015   1202 3209   1511 3512 Guild Nest 
Tunchiornis ochraceiceps       FL/PE FL/PE mixed-species flock open cup 
Pachysylvia muscicapina FL    FL   FL canopy insectivore open cup 
Pheugopedius coraya  FY       undersory insectivore enclosed 
Microbates collaris       PE PE near-ground insectivore open cup 
Ramp. melanurus FL/FL FY   FL  FL  midstory insectivore open cup 
Turdus albicollis    PE   PE  understory frugivore open cup 
Cacicus haemorrhous    CN     midstory frugivore enclosed 
Loriotus cristatus FY/FL PE  FL     canopy frugivore open cup 
Tachyphonus surinamus PE  PE    FL midstory frugivore open cup 
Lanio fulvus       FY/FL/FL NE midstory insectivore open cup 
Ixothraupis punctata    FY     canopy frugivore open cup 
Site Totals 20 20   30 24   35 34     
Treatment Totals 26   39   50   
             
*For simplicity, we considered a nest type as “tree hole” even if that species has been documented nesting in arboreal termiteria 







Although our goal was not to compare species richness, occupancy, and abundance, we 
note that the breeding bird communities in each treatment fundamentally depend upon the 
species present, and that species richness, composition, and abundance are not the same across 
treatments. For example, while mist-netting and flock-following, we encountered more species in 
primary forest (n=155 species) than in 10-ha fragments (n=132) and secondary forest (n=128). 
Importantly, however, primary forest birds still made up the vast majority (86-87%) of observed 
species in both types of disturbed forest. 
Monthly mist-net sampling at each site across 15 months ultimately resulted in a total of 
90 sampling days and 3840 net-hours per treatment (11,520 net-hours in total). Excluding same-
day recaptures and hummingbirds (which do not show distinct brood patches), we examined 
brood patches for 1301 captures of 83 species. Of these, 197 captures (15.1%) across 42 species 
were confirmed to have active brood patches. This amounted to 155 unique individuals, because 
31 individuals were captured 2-4 times with either the same presumed brood patch or were 
subsequently captured during a separate breeding attempt. Unlike the bird capture data, flock-
following effort was not equal across treatments, because the two 10-ha fragments contained 
only a single flock each compared to 2-3 flocks/site in primary and secondary forest. This 
resulted in a total of 100.5 flock-following hours in 10-ha fragments and 225 hours per treatment 
in primary and secondary forest. Altogether, this effort yielded 30 confirmed breeding species in 
550.5 hours of flock-following. Finally, we found an additional 15 nests of nine species while 
mist-netting and flock-following.  
In all, we confirmed 64 breeding species across all treatments, with nearly twice as many 
breeding species in primary forest (n=50 species) as secondary forest (n=26 species) (Table 2.2; 
 41 
Figure 2.2b). Small forest fragments supported an intermediate number of breeding species 
(n=39 species). The same pattern was found for sites within treatments (Table 2.2; Figure 2.2a). 
Almost a third of the species (32%; 16/50) breeding in primary forest were also confirmed in the 
other two treatments. Focusing on just the active brood patches, we found a similar pattern: more 
than twice as many breeding species (31 vs .14) and twice as many unique individuals (72 vs. 
36) were breeding in primary forest compared to secondary forest (Figure 2.3). Again, 10-ha 
fragments were intermediate (47 unique individuals of 23 species). The species with the most 
individuals that had active brood patches were different in each treatment: two obligate ant-
followers in primary forest (nine each of Pithys albifrons and Gymnopithys rufigula), eight 
Glyphorynchus spirurus in fragments, and seven Dixiphia pipra in secondary forest. However, 
the number of successful breeding attempts—those producing dependent fledglings that joined 
flocks (FY and FL breeding codes)—followed a different trend. To maintain equal sample sizes, 
we compared the two fragment flocks with the two flocks in primary and secondary forest whose 
home ranges most overlapped the net line. There were more breeding species as well as more 
successful breeding attempts in fragments (27 successes from 15 species) than in primary forest 
(21 successes from 14 species; Figure 2.4). Secondary forest again had the fewest (16 successful 
breeding attempts from 11 species). The only species with four or five successful breeding 
attempts were obligate flock-followers: Thamnomanes caesius (n=5) and Epinecrophylla 




Figure 2.2. The (a) number of breeding species confirmed at each of the six sites and (b) the total 
number of unique breeding species in each treatment, combined across sites. Sixty-four species 






Figure 2.3. The number of species containing one or more individual confirmed with an active 
brood patch during passive mist-netting in each treatment. For ease of visualization, the number 
of breeding individuals are binned into three quantitative categories (1, 2-5, and >5 individuals). 
The total number of individuals confirmed with an active brood patch for each treatment is 72 





Figure 2.4. The number of species with one or more successful breeding attempt (i.e., producing 
a dependent fledgling) detected while following two flocks within each treatment (n=6 total 
flocks). The total number of species with at least one successful breeding attempt is denoted 
below the treatment label. In each treatment, the total number of successful breeding attempts 
was 21 (primary forest), 27 (fragments), and 16 (secondary forest). 
To gain additional insight about which types of birds are missing from disturbed forests, 
we compared guilds and nest types (Table 2.2). In comparison to primary forest, the fragment 
breeding bird community is only depauperate in insectivores, whereas frugivores are equally or 
overly represented (Figures 2.5 and 2.6). Of the 11 fewer breeding species in fragments, seven 
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(64%) of these are terrestrial and near-ground insectivores. Within these two vulnerable guilds, 
only Myrmoderus ferrugineus and Conopophaga aurita, respectively, were confirmed breeding 
in fragments. On the other hand, secondary forest is impoverished in both breeding insectivores 
and frugivores (Figures 2.5 and 2.6), especially so when frugivores are contrasted between 
fragments and secondary forest. Almost half (46%; 11) of the 24 fewer species confirmed 
breeding in secondary forest belonged to three insectivorous guilds: army-ant followers, 
terrestrial insectivores, and near-ground insectivores. Only three species—the two obligate army-
ant followers (Pithys albifrons and Gymnopithys rufigula) and Willisornis poecilinotus—were 
among the near-ground species confirmed breeding in secondary forest. Very few frugivores 
were confirmed breeding in secondary forest (Dixiphia pipra, Loriotus cristatus, and 
Tachyphonus surinamus); however, obligate mixed-species flock members were found breeding 
in relatively comparable numbers (n=7 species). We also compared nest types in disturbed 
forests to those in primary forest (Figure 2.7), discounting two nest types (burrow and ground) 
with very low representation. Fragments had the same number of enclosed nesters as primary 
forest and 84% of its open cup nesters, but only 57% of tree hole nesters. Meanwhile, secondary 
forest had half as many enclosed nesters in primary forest and 64% of the number of open cup 
nesters, but only 29% of tree hole nesters.  
The complete seasonal phenology of breeding evidence for all species is available in 




Figure 2.5. The number of species confirmed breeding in each treatment for four understory 









Figure 2.7. The number of species confirmed breeding in each treatment according to nest 




These results demonstrate that disturbed Amazonian forests support diminished breeding 
bird communities. Secondary forest and 10-ha forest fragments foster fewer breeding species, 
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fewer breeding individuals, and in secondary forest, fewer successful breeding attempts. This 
suggests a discrete loss of breeding habitat quality as we transition from continuous primary 
forest to small, isolated forest fragments and then again to secondary forest. A caveat is that we 
did not control for differences in the underlying species richness and abundance across 
treatments, which we know are reduced in these disturbed forests (Rutt et al. 2019; Stouffer et al. 
in review). Instead, the aim of this study was to examine the downstream effects for an important 
metric of ecological value—breeding suitability.   
Encouragingly, some forest-dependent birds are breeding and producing fledglings in 
disturbed forests, including representatives from almost every guild. Together, the two 10-ha 
fragments had 78% of the breeding diversity found in primary forest, with even higher 
percentages at the site-level; one fragment supported 86-88% of the breeding diversity found in 
the two primary forest sites. Importantly, these are forest-dependent species, not strictly birds of 
edge or successional habitat; of the 39 species confirmed breeding in fragments, 72% (28) were 
also confirmed from primary forest. Moreover, these breeding attempts are producing fledglings 
and, contrary to expectations, we recorded more successful attempts and more species 
successfully breeding in fragments than in primary forest (see Figure 2.4). One possible 
explanation for this is that nest predation could actually be lower within this fragmented 
landscape, a result also described from forest fragments in the Neotropics and Afrotropics 
(Spanhove et al. 2009; Visco and Sherry 2015), but which runs counter to the established forest 
fragmentation paradigm in the eastern United States (Thompson et al. 2002; Thompson 2007). 
To further illustrate this point, we documented at least three successful breeding attempts for 
Thamnomanes caesius—the nuclear species for understory mixed-species flocks—in one 10-ha 
fragment, with two additional nesting attempts of unknown fates at seasons’ end, including a nest 
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with a single nestling. Together, this suggests that we should not dismiss the conservation value 
of even very small fragments such as these, which provide more than simply supplementary 
habitat for birds that depend on the surrounding matrix and adjacent forest. Similarly, although 
all breeding metrics were conspicuously depressed in secondary forest, it is important to 
remember that these clearcuts would have provided nothing for forest-dependent birds 30 years 
ago. There is clearly cause for optimism about the future of secondary forests if these habitats 
already support such a large proportion of primary forest species (87% of the 128 observed 
species) and primary forest breeders (77% of the 26 confirmed breeding species). Given 
additional time to recover since land abandonment, these secondary forests will, with increasing 
age, continue to converge upon primary forest (DeWalt et al. 2003). 
However, breeding suitability within these disturbed forests is guild-dependent. We 
further corroborate that insectivorous birds that forage on or near the ground are highly 
vulnerable to anthropogenic disturbance (Canaday and Rivadeneyra 2001; Newmark 2006; 
Stratford and Stouffer 1999). Terrestrial insectivores and near-ground insectivores were 
conspicuously absent from the breeding bird communities in our disturbed forests (see Figure 
2.5), with no antpittas (Hylopezus), antthrushes (Formicarius), or leaftossers (Sclerurus) 
confirmed in fragments and secondary forest. On the other hand, we did confirm breeding for 
many members of two guilds (mixed-species flocks and army-ant followers) that have 
historically been considered vulnerable to anthropogenic disturbance (see Figure 2.5; Mokross et 
al. 2014; Stouffer and Bierregaard Jr. 1995; Stouffer et al. 2006; Zou et al. 2018). Therefore, in 
secondary forest, it was especially encouraging to confirm breeding for two of the three obligate 
ant-followers confirmed in primary forest and seven of the nine mixed-species flock members. 
Only Dendrocincla merula (army-ant follower) and Myrmotherula longipennis and Tunchiornis 
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ochraceiceps (mixed-species flocks) were not confirmed in either disturbed forest, suggesting 
that these species are particularly vulnerable (Rutt et al. 2020). Although few frugivorous birds 
(n=3) were documented breeding in secondary forest, we found more breeding evidence for these 
species in fragments (n=12) than in primary forest (n=9; Figure 2.6). This may be due to the 
abundance of fruit-bearing pioneer trees within the regenerating matrix that surrounds fragments 
that provide small-bodied frugivores with rich foraging opportunities in close proximity to 
suitable nest sites (Bobrowiec and Gribel 2010; Laurance et al. 2018). It is, however, alarming 
that only 1/4th as many frugivores were found breeding in more advanced secondary forest and 
suggests that there may be a shortage of fruit-bearing trees in this age class.  
Suitable nest substrates may also limit breeding birds in fragments and especially 
secondary forest, as we confirmed comparatively few tree-hole-nesting species in these disturbed 
forests. Cavity-nesting birds can be split into those that excavate their own cavities (excavators 
or primary cavity-nesters) and secondary-cavity nesters, or those that use existing cavities, 
whether produced by excavators or cavities formed by damage and decay caused by fungi and 
insects. Unlike secondary cavity-nesting birds in North America, which rely heavily on 
woodpeckers, less than a third of cavities used by Neotropical secondary cavity-nesters are 
produced by other birds (Cockle et al. 2011a; Cockle et al. 2011b; Cornelius et al. 2008). In our 
study, we confirmed fourteen tree-hole nesting species in primary forest, but only eight in 
fragments and four in secondary forest. Missing tree-hole nesters in disturbed forest included two 
terrestrial insectivores (Formicarius spp.), four to five species of woodcreepers, and one to two 
xenops; of these, only xenops can excavate their own cavities (Hilty 2002). At the BDFFP, 
young secondary forest (~30 years old) contains ~44% fewer cavities than primary forest 
(Oliveira 2015); these forests probably lack many of the cavity-producing structural 
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characteristics of old-growth forest, such as large snags (standing dead trees), large live trees, 
and trees with dead branches (Cornelius et al. 2008; DeWalt et al. 2003). But we caution that 
even in fragments, which presumably do not have the same limitations on cavity-producing trees, 
the number of cavity-nesting species was still reduced; this suggests that factors other than nest 
site limitation are likely also at play. Across all human-modified landscapes, however, we need 
to conserve both healthy and dead or dying large trees, as well as medium-sized trees for 
recruitment, to ensure we retain the full complement of cavity-nesting birds. 
Describing the breeding bird communities for disturbed Amazonian forests, as we do 
here, is a critical first step, but much more needs to be addressed before a complete picture of 
reproductive success can be resolved. We now know that small forest fragments and secondary 
forest provide suitable breeding habitat for a subset of forest-dependent birds. However, despite 
the fact that predation is the primary source of nest loss—accounting for 70-90% of reproductive 
failure in most birds (Martin and Briskie 2009; Ricklefs 1969)—we still know little about the 
identity of Neotropical nest predators (Robinson et al. 2005; Stratford and Robinson 2005; Visco 
and Sherry 2015). We know even less about how these nest predators and predation rates may 
vary across habitats, which further hampers effective conservation and management (Thompson 
2007). Moreover, although studies of nest success in the Neotropics are still sorely needed, we 
need to move beyond the nest success paradigm, which provides a partial and simplistic metric 
of “reproductive success” (Streby et al. 2014). Eventually, we need to characterize average 
annual reproductive output, or the number of fledglings successfully reared to independence 
(Streby et al. 2014). By focusing exclusively on nests, we have largely ignored the fledgling life 
stage, yet fledgling survival and the duration of parental care may have important consequences 
for reproductive success (Streby et al. 2016) and have seldom been evaluated in tropical birds 
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(Tarwater and Brawn 2010). Therefore, to more holistically quantify the ecological value of 
disturbed forests, we need to extend the results of this study to capture full-season productivity 
across both disturbed and intact tropical landscapes.
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CHAPTER 3. EXPERIMENTAL FOREST FRAGMENTATION ALTERS 
AMAZONIAN MIXED-SPECIES FLOCKS 
 
3.1. INTRODUCTION 
Anthropogenic-driven habitat loss is the primary cause of species extinction (Pimm and 
Raven 2000; Tilman et al. 1994). Yet the process of habitat loss is inextricably linked to 
fragmentation, which further threatens biodiversity beyond the direct loss of habitat (Ewers and 
Didham 2006; Laurance et al. 2018). For example, in the Amazon, the insidious effects of 
fragmentation and edges created by deforestation during the 1980s diminished forest cover to a 
greater extent than did habitat loss alone (Skole and Tucker 1993). Even in studies that strictly 
focus on fragmented landscapes, it is a major challenge to separate the unique contribution of 
fragmentation per se (habitat fragmentation independent of area loss), and many studies have 
confounded these two processes (Fahrig 2003, 2017). For example, a study which finds that 
increasing fragment isolation negatively affects biodiversity may conclude the result is due to 
isolation, but this result could also be explained by habitat loss if more distant fragments are also 
distributed on a landscape with less habitat (Fahrig 2003). The relative contribution of 
fragmentation per se continues to spawn contentious debate (e.g., Fahrig 2017; Fletcher Jr. et al. 
2018). 
Fragmentation studies are often spatially confounded when pre-existing fragments are 
separated in space from reference or control sites, resulting in intrinsic local differences in 
habitat heterogeneity, patchy species' distributions, and local anthropogenic disturbances.  
____________ 
This chapter was previously published as Rutt, C.L., Mokross, K., Kaller, M.D., Stouffer, P.C. 
2020. Experimental forest fragmentation alters Amazonian mixed-species flocks. Biological 
Conservation 242:108415. As I retain the right to reproduce this manuscript in a dissertation, no 
permission is required (but see proof of retained rights from Elsevier in Appendix D). 
 55 
When studies ignore these unknown disparities in the original communities, it is difficult to 
interpret any apparent differences (Fahrig 2003; Mac Nally et al. 2000). Furthermore, for species 
in small forest fragments, it is often difficult to distinguish between the influences of edge and 
area effects (Develey and Stouffer 2001; Fletcher Jr. et al. 2007). In fact, edge effects may 
explain area effects in confounded studies and might occur more frequently than area effects 
(Fletcher Jr. et al. 2007). A number of additional parameters also contribute to the overall effect 
of fragmentation, including fragment size, fragment shape, matrix structure, the number of 
habitat patches, fragment isolation, and the amount of suitable habitat on the landscape (Ewers 
and Didham 2006; Fahrig 2003). Although area loss is responsible for the most consistent 
fragmentation results, it remains a research priority to control for area loss so that we can 
determine the added effects of other factors and their associated mechanisms (Fahrig 2003). 
Neotropical bird populations may decline in fragmented landscapes for many reasons, but 
these hypothesized mechanisms inherently depend upon which fragmentation factor(s) 
predominate. One of the most frequently invoked hypotheses is that nest predation might be 
elevated in forest fragments, which could follow a release of mid-sized carnivores after the loss 
of apex predators with large home ranges (Crooks and Soulé 1999; Robinson and Sherry 2012; 
Stratford and Robinson 2005). These mechanisms are directly linked to area loss and the size of 
remnant fragments. Another set of hypotheses relate primarily to edge effects, positing that 
changes in the microhabitat of fragments, particularly along edges, could reduce prey abundance 
and may constrain visually or physiologically specialized Neotropical birds (Karr and Freemark 
1983; Stratford and Robinson 2005). Isolation could also be responsible for species' declines in 
fragments, as many vulnerable Neotropical birds may have limited dispersal ability (Moore et al. 
2008; Robinson and Sherry 2012; Sekercioglu et al. 2002; Stratford and Robinson 2005). Yet the 
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degree to which each of these mechanisms and their underlying factors contribute to the 
vulnerability of Neotropical birds in fragmented landscapes is still largely unknown (Robinson 
and Sherry 2012). 
Mixed-species bird flocks represent a model system to directly test the effects of forest 
fragmentation because they are particularly vulnerable to anthropogenic disturbance (Goodale et 
al. 2015; Zou et al. 2018). Empirical evidence demonstrates that these flocks are vulnerable to a 
wide variety of land uses, such as selective logging, agriculture, and urbanization (Lee et al. 
2005; Thiollay 1992; Zhou et al. 2019). Throughout the world, fragmentation also negatively 
affects mixed-species flocks in tropical forests, including the Neotropics (Maldonado-Coelho 
and Marini 2000, 2004), Afrotropics (Cordeiro et al. 2015), and Southeast Asia (Sridhar and 
Sankar 2008). With increasing fragmentation, flocks typically lose species, shrink in size, are 
encountered less frequently, decline in species-specific participation rates, and show changing 
species composition (Goodale et al. 2015). Within the central Amazon, extensive research across 
a series of experimentally isolated fragments have found mixed-species flocks to be among the 
most sensitive of guilds (Mokross et al. 2014; Stouffer and Bierregaard Jr. 1995; Stouffer et al. 
2006). 
We focused on the effects of forest fragmentation by examining Amazonian understory 
mixed-species flocks, a species interaction network that is rich, complex, and highly stable 
(Jullien and Thiollay 1998; Martínez and Gomez 2013; Munn and Terborgh 1979). In terra firme 
forests of the central Amazon, these understory mixed-species flocks form around the nuclear 
species Thamnomanes caesius (Develey and Stouffer 2001). In total, ten species of 
predominantly antbirds and ovenbirds are considered to be obligate flock followers (Appendix E; 
Jullien and Thiollay 1998). Together, these insectivorous birds defend jointly held territories 
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from neighboring flocks, such that the resident pair for each species of flock obligate occupies 
identically overlapping home ranges of ~10 ha (Develey and Stouffer 2001; Jullien and Thiollay 
1998; Munn 1985; Munn and Terborgh 1979). Dozens of additional insectivores regularly join 
these flocks, temporarily expanding flock size beyond the obligate species, making flocks 
relatively conspicuous, noisy, and easy-to-follow (Jullien and Thiollay 1998; Munn 1985; Munn 
and Terborgh 1979). Flock home ranges and permanent gathering sites remain remarkably stable 
across decades, which allows for unambiguous identification of each individual flock (Develey 
and Stouffer 2001; Jullien and Thiollay 1998; Martínez and Gomez 2013). 
To experimentally control for the factors that confound most fragmentation studies (e.g., 
disparate size, number, and shape of patches; distance to the nearest primary forest; amount of 
primary forest in the surrounding landscape; as well as spatial separation between fragments and 
control sites), we took advantage of a novel landscape manipulation at the Biological Dynamics 
of Forest Fragments Project (BDFFP) in central Amazonia. This long-term experiment consists 
of small, previously isolated fragments of primary forest adjacent to clearcuts, embedded within 
a broader landscape dominated by continuous primary forest (Bierregaard Jr. et al. 2001). We 
focused on three 10-ha fragments of primary forest, which were originally isolated in the 1980s, 
leaving a matrix of developing second growth forest surrounding the fragment borders. A narrow 
swath (~100 m) of this second growth buffer has been intermittently cut to preserve fragment 
isolation; the last re-isolation event occurred in 2013–14 (Figure 3.1). Re-isolating pre-existing 
forest fragments primarily alters fragment isolation, while holding constant many of the other 
factors that are typically confounded during the process of fragmentation (Ewers and Didham 
2006; Fahrig 2003). We quantified species richness and attendance, home range size, 
proportional use of edge and second growth, and space use for flocks in fragments and 
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undisturbed primary forest before and after fragment re-isolation. A further strength of our 
experimental approach is that it permits us to explicitly quantify the amount of area, if any, that 
these mixed-species flocks lost following re-isolation. Assuming that the lost habitat was 
minimal and suboptimal, this allows us to focus on the direct effects of fragment isolation by 
diminishing the influence of area effects. 
 
Figure 3.1. Visual depiction of a recently re-isolated primary forest fragment that is separated 
from mature secondary forest by a ~100 m swath of second growth. This intervening strip of 
second growth has been intermittently cut to maintain fragment isolation and was last cut here in 
November 2013. Photo by Scott L. Kosiba (23 February 2015) at the Dimona ranch. 
 
3.2. MATERIAL AND METHODS 
3.2.1. Study area and season 
The BDFFP (2°20′S, 60°W) is located ~80 km north of Manaus, Amazonas, Brazil 
(Figure 3.2). Fragment re-isolation was completed in November 2013 (Dimona) and January 
2014 (Colosso and Porto Alegre; Figure 3.2). We focused on 10-ha fragments because this size is 
large enough to contain a single mixed-species flock. Flocks predominantly forage within 
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primary forest, such as the fragments, but increasingly use adjacent second growth as it matures 
(Mokross et al. 2018). Lastly, to avoid the potential confounding effects of seasonality, we 
restricted our efforts to the dry season, which we conservatively characterized as June–October 
(Laurance 2001; Stouffer and Bierregaard Jr. 1993; Stouffer et al. 2013). 
 
Figure 3.2. Study sites and experimental design at the Biological Dynamics of Forest Fragments 
Project. Numbers designate the location of the six mixed-species flocks in this study: three in 
experimentally re-isolated 10-ha fragments (red squares) and three in control primary forest (blue 
rectangle) that borders tall secondary forest cut once in 1983. 
 
3.2.2. Flock-following data collection 
 We surveyed six Amazonian mixed-species flocks before (2009–2011; KM) and after 
(2015–2017; CLR) re-isolation and compared the three fragment flocks to three “control” flocks 
in primary forest that borders tall secondary forest (cut only once in August 1983). We followed 
these six flocks on foot from a distance of 10–20 m as described by Mokross et al. (2014). For all 
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flocks (fragment/control and before/after re-isolation), we recorded species composition in 30-
min time blocks. Due to the logistical constraints of data collection (e.g., sudden rain bouts, 
truncated starting/ending time blocks), we considered any time block ‘complete’ if there was at 
least 20 min of effort. To reduce observer effects, we excluded any flocking species that was not 
detected in at least one flock by both observers, as well as any non-flocking species (bycatch) 
that was recorded, which we classified based upon extensive field experience following mixed-
species flocks at this site (~2000 collective hours). This resulted in an available species pool of 
95 flocking species (Appendix E). To measure space use and home range size, we recorded flock 
spatial positions at 30 s intervals (trackpoints) with a GPS at ~10 m resolution. Because the 
tracking devices were attached to observers following flocks, not to birds, our data represent a 
temporally lagged record of flock locations as we followed directly behind flocks. To match 
previous work in this system (Mokross et al. 2018), we thinned all tracking data by a factor of 
four, resulting in a point approximately every 2 min. Furthermore, to diminish the influence of 
permanent gathering locations (Jullien and Thiollay 1998; Martínez and Gomez 2013) on space 
use, we trimmed all dawn flock-following bouts so that the first 30 min interval began 15 min 
after local sunrise (<http://aa.usno.navy.mil> at 2°24′ S, 59°53′ W) to allow birds to move away 
from their gathering location. For most of these flocks (5/6), we were able to examine vegetation 
and topography characteristics of the primary forest using available post-processed canopy 
height and digital elevation models (1 m resolution) from airborne LiDAR (Light Detection and 






3.2.3.1. Species richness 
To assess whether fragment re-isolation changed the makeup of the flocks themselves, 
we compared species richness for all flocks in each experimental stage (before/after re-isolation). 
Using the program EstimateS (Colwell 2016), we employed a non-parametric species richness 
estimator for incidence data (the bias-corrected form of the Chao II), which corrects observed 
species richness by estimating the number of undetected species (Gotelli and Colwell 2011). In 
cases where the estimated coefficient of variation was >0.5, leading to an imprecise estimate of 
species richness, we re-computed the Chao II using the classic formula and reported whichever 
estimator (the Chao II or ICE) produced the higher value of species richness, as recommended by 
Colwell (2016). 
3.2.3.2. Species attendance 
To quantify whether species' attendance rates changed in fragment flocks following re-
isolation, we first derived the proportion of 30-minute time blocks that every flocking species 
was present across all 10-ha fragments before and after re-isolation. Following Martínez et al. 
(2017), we then compared the similarity between these two compositions by treating attendance 
as an abundance metric and calculating the observed Bray-Curtis Dissimilarity value between 
fragment flocks across these two periods using the ‘vegan’ package (Oksanen et al. 2019) in R 
(<www.r-project.org>). We then compared this observed dissimilarity value to a null distribution 
by swapping species' attendance rates in each time period but maintaining species richness in 
each sample, which we bootstrapped 10,000 times with the ‘picante’ package (Kembel et al. 
2019). We generated a p value as the number of times that the observed value was more extreme 
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than the randomly generated dissimilarity values, which indicates whether fragment flocks 
before and after re-isolation were more similar or dissimilar than predicted by chance. 
3.2.3.3. Space use 
Using the spatial point data described above, we estimated the size of core areas (50% 
quantile) and home ranges (95%) using autocorrelated kernel density estimation (AKDE). For 
spatially autocorrelated data, AKDE is more accurate than conventional methods that assume all 
points are independent, an assumption that is frequently violated in finely sampled datasets with 
short time intervals between successive points (Calabrese et al. 2016; Noonan et al. 2019). We 
implemented home range estimation via the package ‘ctmm’ (Fleming and Calabrese 2019), 
which selects the best-fit continuous time movement model to account for the autocorrelation 
structure inherent in the data (Calabrese et al. 2016). For these data, best-fit models incorporated 
either an Ornstein-Uhlenbeck (OU) process or an Ornstein-Uhlenbeck Foraging (OUF) process; 
both account for range residency and position autocorrelation, but the OUF additionally features 
velocity autocorrelation (Calabrese et al. 2016). For all flocks, we generated individual core 
areas and home ranges for each time period, as well as joint estimates across time periods to 
approximate the area available to each flock. Finally, for each home range estimation, we 
reported the effective sample size (N̂area) before and after re-isolation, or the equivalent number 
of statistically independent GPS locations in each time period. 
3.2.3.4. Statistical analyses of species richness and space use 
 For analysis of species richness and space use, we ran generalized linear models (GLM) 
in base R. Explanatory variables in these models were treatment (fragment vs. control), stage 
(before/after re-isolation), and the interaction of treatment and stage as fixed effects. We 
employed a Poisson error distribution with a log link function for count data (species richness) 
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and either a Normal error distribution or a Gamma error distribution with an inverse link 
function for continuous data (space use). These combinations of link functions and error 
distributions were determined to be best fitting by examination of fit statistics. Second, we used 
the spatial point data to quantify the proportional use of second growth and edge habitat, which 
we classified as the 10 m buffer of primary forest that borders second growth (Laurance 2004; 
Quintela 1986). To evaluate edge effects, we removed all flock spatial positions in second 
growth to focus on the proportional use of edge-adjacent primary forest. We examined variation 
in second growth and edge usage before and after re-isolation using beta regressions in package 
‘betareg’ (Zeileis et al. 2018), which model dependent variables such as proportions and rates 
that are bounded between 0 and 1 (Ferrari and Cribari-Neto 2004). For both species richness and 
space use, we used estimated marginal means (Searle et al. 1980) in package ‘emmeans’ (Lenth 




Summary data of space use, observed and estimated species richness, and sampling effort 
for all six flocks is provided in Table 3.1. Overall, flock-following effort was nearly identical 
before (190.4 h) and after (190 h) re-isolation. Following re-isolation, the most conspicuous 
result was that one fragment flock (Dimona) proceeded to lose species, disband, and ultimately 
disappear 3–4 years after the fragment was re-isolated (Figure 3.3). Prior to re-isolation, we 
regularly detected all ten obligate flock-followers in that fragment flock. However, by 2016, only 
two of these flock obligates remained—a pair of the nuclear species, Thamnomanes caesius, and 
Xiphorhynchus pardalotus—and they appeared to flock with canopy insectivores (e.g., 
Herpsilochmus dorsimaculatus, Tolmomyias flycatchers, Pachysylvia muscicapina). However, 
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we detected two additional flock obligates (Thamnomanes ardesiacus and Epinecrophylla 
gutturalis)—understory species that typically restrict their activity to the first 10 m above the 
forest floor (CLR, unpubl.)—away from this flock, which often foraged high in the subcanopy or 
canopy. In 2017, despite 12.75 h of effort and repeat visits to the historical gathering site, we 
were unable to find the nuclear species T. caesius, nor any semblance of an understory mixed-
species flock. 
3.3.1. Species richness 
Results for estimated species richness, which account for undetected species in our 
sampling, suggested an even larger reduction than observed species richness for fragment flocks 
following re-isolation (Table 3.1). To control for unequal sampling effort, we estimated species 
richness for all flocks at the minimum number of flock-following hours for a flock within a 
single time period (20 h; Table 3.1). Although not statistically significant, there was a decrease 
of 12.5 species in marginal means (55.0–67.5 species, EMM ratio = 0.82, z ratio = −1.59, p = 
.11), whereas control flocks gained 4.3 species (65.0–60.7 species, EMM ratio = 1.07, z ratio = 
0.67, p = .50). The estimated species loss in fragment flocks amounts to a 19% reduction in the 
original flock community (Figure 3.4a). After re-isolation, twenty species were detected in 
fragment flocks that were not detected prior to re-isolation (Appendix E), but this list was 
restricted to birds that infrequently accompany flocks or are easily overlooked in the subcanopy 
or canopy (Figure 3.5). On the other hand, we failed to detect eight formerly present species in 
any fragment flock following re-isolation (Appendix E, Figure 3.5), including two obligate 
flock-followers (Myrmotherula longipennis and Philydor erythrocercum). 
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Table 3.1. Summary of space use, sampling effort, and species richness (S) for mixed-species flocks across two treatments at the 
Biological Dynamics of Forest Fragments Project. 
  Core Area (ha)   Home Range (ha)   N̂area*   Effort (hours)  Sobs  Sest 
  Before  After   Before After   Before After   Before After  Before After  Before After 
Fragment flocks                  
  Colosso  5.58 3.02 ▼ 18.97 11.16 ▼ 18.6 20.1  46 26.5  59 54  72 57 
  Dimona 3.99 3.5 ▼ 13.94 13.99  21.2 9.9  41 27.5  46 50  63 53 
  Porto Alegre 3.68 3.38  14.24 11.81 ▼ 8.7 23.0  22.9† 28  NA† 57  NA† 59 
                  
Control flocks                  
  Florestal IB 3.65 2.92 ▼ 14.78 11.09 ▼ 13.5 21.7  20 36  42 60  51 62 
  Florestal II 2.92 3.47 ▲ 11.71 13.3 ▲ 24.2 14.1  37.5 36  54 66  61 68 
  Florestal III 3.77 4.56 ▲ 15.68 18.33 ▲ 9.3 12.5   23 36  48 63  70 65 
* N̂area (effective sample size) or the equivalent number of statistically independent GPS locations 
† In this time period, we only tracked the flock and did not collect species richness or compositional data 





Figure 3.3. Disbanding and disappearance of one fragment flock (Dimona) following re-
isolation. Prior to re-isolation (left panel), the flock contained all obligate flock-followers. After 
re-isolation (2013), most flock obligates disappeared or did not associate with the flock (center). 
Finally, four years after re-isolation (right), only flock dropouts were present in the fragment. 
Flock schematics at the top represent simplified networks to illustrate reduced connectivity for 
the ten obligate flock-followers after re-isolation; detached species depict birds that were present 
in the fragment but not participating with the flock. The graphical timeline of forest height along 
the bottom represents adjacent second growth before and after re-isolation, as does the printed 
age along the northern fragment border. Colored dots represent flock positions before (yellow) 
and after (black) re-isolation. Bird illustrations reproduced by permission of Lynx Edicions. 
 
3.3.2 Species attendance 
After removing the fragment flock that disappeared (which down-biased attendance rates 
of flock obligates), we found that few species (13%; 7/54) that were present both before and after 
re-isolation decreased their overall attendance in fragment flocks. However, three of these 
species were obligate flock-followers, which decreased attendance by 10–50% relative to 







(−48.1%), and Automolus infuscatus (−40.1%). Across all fragment flocks, however, the Bray-
Curtis Dissimilarity analysis indicated that fragment flock communities were generally similar 
(0.42) before and after re-isolation and significantly more similar than predicted by chance (p < 
.01).  
 
Figure 3.4. Box plots of estimated species richness (a) and proportional use of second growth (b) 
for fragment and control flocks before and after re-isolation. Boxes range from the first to the 
third quartile, and the central line represents the mean. Dashed lines connect values from the 
same flock across experimental stages. The asterisk indicates that fragment flocks spent 
significantly less time in secondary forest than did control flocks, regardless of experimental 
stage. 
 
3.3.3 Space use 
For fragment flocks, the proportional use of second growth differed in marginal means 
across treatments (EMM 0.25–0.06 = 0.19, z ratio = 4.04, p < .01; Figure 3.4b). Although the 
a) b) 
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proportion of second growth use decreased by 42.5% after re-isolation for fragment flocks, this 
marginal mean difference was not significant (EMM 0.04–0.07 = −0.03, z ratio = −0.81, p = .41), 
likely due to very small sample sizes and considerable variation before re-isolation. Control 
flocks continued to use secondary forest ~25% of the time (EMM 0.23–0.26 = −0.03, z ratio = 
−0.40, p = .70). We did not, however, detect any significant proportional change in edge usage 
(edge effect) for fragment flocks before and after re-isolation (EMM 0.06–0.06 = 0.00, z ratio = 
−0.29, p = .78). Back-transformed parameter estimates in each treatment and time period 




Figure 3.5. Species composition in fragment flocks before (top panel) and after (bottom) re-
isolation. Species are ordered according to their proportional attendance rates before re-isolation, 
where 0.5 indicates that a species was present in half of all 30-min time blocks. Species are 
arranged in the same sequence following re-isolation. Species that were not detected after re-
isolation are denoted with an asterisk in the bottom panel. See Appendix E for the full species 
names that match these six-letter codes. 
** * * ** * *
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Although the analysis suggested evidence of a decrease in home range size for fragment 
flocks after re-isolation, this change was not statistically significant (EMM 12.3–15.7 = −3.4 ha, 
z ratio = 1.60, p = .11; Table 3.1). However, core area size decreased significantly in marginal 
means for fragment flocks after re-isolation (EMM 3.30–4.42 = −1.12 ha, z ratio = −1.93, p = 




We give direct experimental evidence of the deterioration and even collapse of a forest-
dependent bird community following fragmentation. Experimental fragmentation affected both 
direct metrics as well as emergent properties of a complex social network. After the fragments 
were re-isolated, one mixed-species flock disappeared, half of the obligate flock-followers either 
vanished or decreased attendance rates, and flock movements were confined by the fragment 
borders. Moreover, our unique before-after control-impact experiment provides crucial insight 
about why these deleterious changes may have occurred. 
Re-isolating pre-existing forest fragments is unique because it holds constant many of the 
factors that are typically confounded during the process of fragmentation. As such, re-isolation 
comes close to disentangling area loss from the independent contribution of fragmentation per se, 
elucidating the effects of isolation and reduced connectivity after the removal of a narrow 
corridor. Yet we know that fragment flocks spent 7% of their time in the surrounding second 
growth prior to re-isolation (Figure 3.4b), therefore even this novel experiment cannot 
completely negate area loss. We can, however, explicitly quantify the amount of used area that 
was lost. Unfortunately, home ranges that are generated using kernel density estimation spill 
over when animal movements align with hard, linear boundaries (Noonan et al. 2019). Therefore, 
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we overestimated the amount (16–33%) of second growth that fragment flocks incorporated 
within their home ranges prior to re-isolation. Moreover, exceedingly little core area was lost, as 
fragment flocks used an average of <1% of second growth in their core area before re-isolation. 
Thus, the 25% decrease in core area size was almost entirely a shift within primary forest rather 
than a loss of area. Accordingly, although we cannot completely discount the effects of area loss, 
in this case we know that the lost amount of previously used area was minimal and reflected 
suboptimal habitat. Therefore, this study demonstrates that isolation impacts fragment dynamics. 
To fully distinguish between area loss and isolation would require additional data for individual 
species that are known to completely restrict movements to primary forest. 
The amount of primary forest that is effectively available to forest-dependent birds can 
also be indirectly reduced by edge effects. This vulnerability may be heightened for Neotropical 
birds, which are more sensitive to edge effects than their temperate counterparts (Lindell et al. 
2007). At the BDFFP, edge effects have been described for a wide range of biotic and abiotic 
processes, and many plants and animals exhibit negative responses to edges, including forest-
dependent birds such as mixed-species flocks (Laurance 2004; Laurance et al. 2004; Laurance et 
al. 2018; Lovejoy et al. 1986; Quintela 1986). Species richness for mixed-species flocks declined 
near road edges and capture rates decreased within 10 m of these edges (Laurance 2004). 
Quintela (1986) also found a reduction in capture rates for mixed-species flock members in 
habitat adjacent to an edge (10 m). In contrast, by directly following flocks, we found no 
evidence that fragment flocks diminished the proportion of time spent within the outer 10 m of 
primary forest. Nor did distance from border emerge as a significant negative predictor in our 
spatial regression analysis (for methods and results, see Appendix E). Similarly, Develey and 
Stouffer (2001) found minimal edge effects for flocks along road edges, as flocks even moved 
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within a few meters of open roads. More sophisticated analyses of flock movements confirmed 
that flocks tolerate edge habitat but revealed that flocks move quickly along and parallel to hard 
edges (Mokross et al. 2018). However, given that each of these fragments has been re-isolated 4–
6 times since the original isolation event 33–37 years ago (1980–1984), it is perhaps unsurprising 
that we did not find strong, present-day edge effects. Moreover, it is unlikely that the most recent 
re-isolation event—which cleared but did not burn 12–13-year-old regenerating second growth—
produced the kinds of abrupt, dramatic, and severe edge effects found immediately after isolation 
(Ferreira and Laurance 1997; Laurance et al. 2014; Laurance et al. 2018; Laurance et al. 2002; 
Lovejoy et al. 1986). 
The loss of a mixed-species flock and a decline in species richness in persisting flocks are 
not trivial. In the present biodiversity crisis, species interaction networks are often overshadowed 
by a focus on species extinctions (Valiente‐Banuet et al. 2015). Yet the effects of anthropogenic 
disturbance can be more adverse for species interactions than individual species, and the 
extinction of these interactions may precede and accelerate species' extinctions (Aizen et al. 
2012; Tylianakis et al. 2010; Valiente‐Banuet et al. 2015; Zou et al. 2018). This is most evident 
in plant-pollinator, plant-disperser, and predator-prey networks (Aizen et al. 2012; Tylianakis et 
al. 2010), but what about mixed-species flocks? Our data from the extirpated flock confirm that 
the deterioration of a species interaction network preceded species disappearance, and both 
lagged behind the initial disturbance event (see Figure 3.3). Thus, in the immediate aftermath of 
anthropogenic disturbance, these longitudinal data support the concept of an ‘extinction debt of 
ecological interactions’ (Valiente‐Banuet et al. 2015) that was not fully realized until 3–4 years 
after fragment re-isolation. The only two flock obligates that remained (Xiphorhynchus 
pardalotus and Myrmotherula axillaris) are known to drop out of flocks, especially in fragments, 
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and persist in small fragments even after flocks disintegrate (Stouffer and Bierregaard Jr. 1995; 
Stouffer et al. 2006). Although we would predict that the loss of a nuclear species would 
disproportionately perturb species interaction networks (Zou et al. 2018), Thamnomanes caesius 
appears to be relatively resilient in our system (Stouffer and Bierregaard Jr. 1995). However, a 
~20% reduction in overall species richness could itself lead to the collapse of mixed-species 
flocks by diminishing flock size or eliminating critical flock roles, particularly if fragments are 
not allowed to recover. We do not know, however, whether missing species (either observed or 
estimated) truly disappeared from fragments after re-isolation or simply stopped associating with 
flocks. 
Because they are obligate flock-followers, the disappearance of Myrmotherula 
longipennis and Philydor erythrocercum after re-isolation is particularly alarming. This indicates 
that they did not merely drop out of flocks but are no longer present in the fragments. A third 
obligate flock-following species (Tunchiornis ochraceiceps) also proved particularly vulnerable 
to re-isolation, even though it did not disappear entirely. Despite being present in both fragment 
flocks before re-isolation, T. ochraceiceps was only briefly detected (May–July 2016) in a single 
fragment flock following re-isolation. Two additional datasets largely corroborate these results: 
following these same flocks during the wet season (46 h; CLR, unpubl.) and following five 
additional flocks in 30–35-year-old secondary forest (225 h; CLR, unpubl.). Myrmotherula 
longipennis was never detected in the two 10-ha fragments during the wet season, nor from any 
secondary forest flock. Philydor erythrocercum was only detected twice during additional flock-
following in the re-isolated fragments (November 2015 and May 2016) and once in two different 
secondary forest flocks. Similarly, we never detected T. ochraceiceps from the secondary forest 
flocks. Altogether, these combined datasets suggest that for these species colonization and 
 73 
recolonization events are rare or nonexistent (at this point in matrix development for the re-
isolated fragments). Even when occasional individuals appeared in degraded habitats, they did 
not persist, despite the presence of mostly intact mixed-species flocks at each of these locations. 
This suggests two non-mutually exclusive mechanisms for these species: the matrix may limit 
dispersal from primary forest (Cooper and Walters 2002; Ewers and Didham 2006; Villard et al. 
1993) and re-isolated fragments (and secondary forest) may represent unsuitable habitat (Villard 
et al. 1993). 
It is more difficult to discern what led to the decreased attendance rates for two additional 
flock obligates (Thamnomanes ardesiacus and Automolus infuscatus) in re-isolated fragments. 
These species were present in all but the extirpated fragment flock, as well as all five secondary 
forest flocks, indicating that they are not limited by poor dispersal nor do they suffer from 
greatly diminished persistence in disturbed habitats. Instead it suggests that decreased 
participation may be due to more nuanced factors, such as a change in the cost-benefit ratio of 
joining more impoverished understory flocks (Hutto 1988). What makes these five obligate 
flock-following species particularly vulnerable remains unclear. 
Irrespective of the mechanism for disappearance, immigration and barrier permeability 
are critical to sustain a healthy avifauna in forest fragments (Stouffer et al. 2011). Immigration 
not only leads to new recolonization events following local extinction but lowers the risk of 
extinction for small populations via the “rescue effect” (Brown and Kodric-Brown 1977), 
potentially replacing members of a pair should one perish. If species are unable to traverse even 
narrow hospitable or inhospitable matrices, their long-term presence or persistence in fragments 
will suffer (Lees and Peres 2009). For some Neotropical species, we know that even very short 
intervening distances (≤100 m) can prove insurmountable in a single flight (Ibarra-Macias et al. 
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2011; Moore et al. 2008). Indeed, even narrow, unpaved roads with minimal vehicular traffic 
hinder movements for mixed-species flocks (Develey and Stouffer 2001; Laurance et al. 2004). 
These studies and our data highlight the need for wildlife corridors to improve habitat 
connectivity in fragmented landscapes (Gillies and St. Clair 2008; Lees and Peres 2008). 
Finally, this study underscores the vital ecological value of second growth for 
neighboring primary forest. Although the importance of the matrix for forest fragments has now 
been recognized for some time (Gascon et al. 1999; Kupfer et al. 2006), the ecological value of 
second growth continues to be controversial, in part because it might undermine conservation 
efforts of primary forest (Chazdon 2014; Didham 2011; Gardner et al. 2007). Yet, our data 
clearly show that flocks in primary forest fragments are healthier when surrounded by second 
growth and that removing this narrow band profoundly impacts fragment flocks. Furthermore, 
our data allow us to quantify when flocks first perceive that cut second growth becomes suitable 
habitat, suggesting the minimum age at which it becomes available. Our flock-following data 
span more than two years after re-isolation (Sep 2015–Oct 2017), but flocks did not first enter 
second growth until the final two months of data collection (3.75 years after re-isolation), at 
which point the second growth was already 4–7 m tall. However, we caution that much more 
time will be necessary before extirpated and depauperate flocks can fully recover (Powell et al. 
2013). 
Overall, our findings from this novel, large-scale, landscape experiment indicate that 
fragment isolation independently exerts deleterious effects on a diverse vertebrate community. 
This further suggests that vulnerable Neotropical birds have limited dispersal ability and that 
narrow corridors are critical to promote immigration. 
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CHAPTER 4. SEASONAL DYNAMICS OF FLOCK INTERACTION 
NETWORKS IN LOWLAND AMAZONIAN RAINFOREST 
 
4.1. INTRODUCTION  
 
Although the tropics were once widely regarded to be aseasonal, it has long been 
recognized that seasonal variation exists (Dobzhansky 1950). This is especially true in the 
understory of lowland tropical rainforests, where daily and seasonal fluctuations in light, 
humidity, and temperature are minimal (Chazdon and Fetcher 1984; Pollock et al. 2014). This 
constancy is also evident in the virtually unchanging photoperiod at a near-equatorial site—north 
of Manaus, Brazil (2°S)—which only varies by 17 min throughout the year, even though sunrise 
and sunset times differ by 31 min (< http://aa.usno.navy.mil>). Consequently, it is this relative 
invariance that led to the idea that tropical organisms at low elevations are evolutionarily adapted 
to a stable climate and will thus tolerate a relatively narrow range of microclimatic conditions 
(Janzen 1967). However, even in lowland rainforest, seasonal changes do occur, delineated by 
rainfall instead of temperature. 
Alongside rainfall, tropical lowland rainforests experience a variety of predictable biotic 
and abiotic changes during the wet and dry seasons. Maximum temperatures coincide with 
minimum relative humidity in the dry season (Windsor 1990). Therefore, daily fluctuations in 
temperature and relative humidity increase during the dry season (Pollock et al. 2014). Solar 
radiation also increases in the dry season because of reduced cloud cover (Graham et al. 2003; 
Wright and van Schaik 1994). This annual peak of irradiance is thought to ultimately drive tree 
phenologies in tropical forests, resulting in leaf, flower, and then fruit production that follow 
peak dry season radiation (Wright and Calderón 2006; Wright and van Schaik 1994). Throughout 
the tropics, leaf fall also generally peaks during the dry season, perhaps as a preemptive 
mechanism to avert the potential of future water stress (reviewed in Wright and Cornejo 1990). 
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Scaling up, treefalls also exhibit seasonality, occurring most often during the wet season in one 
Neotropical forest (Brokaw 1982). Altogether, these changes indicate that there is a characteristic 
rhythm to the seasons even in relatively stable lowland rainforest. Even so, most studies in the 
humid tropics either restrict sampling effort to a single season (Pollock et al. 2017; Stouffer et al. 
in review; Rutt et al. 2019) or ignore seasonality altogether. Furthermore, human-modified 
habitats may be even more susceptible to the effects of seasonality, with important consequences 
for conservation.  
Due to their historically stable environments, tropical organisms might be the most 
sensitive to disturbance and climate change (Betts et al. 2019; Deutsch et al. 2008), yet we know 
little about how these organisms respond to seasonality in the humid rainforest—a biome widely 
recognized for its complexity and unparalleled biodiversity. We know even less about how 
seasonality affects the intricate web of species interactions in the tropics. Amazonian mixed-
species flocks represent an ideal interaction network to explore this question, as these species-
rich assemblages appear to represent the apex of stability and complexity for avian multi-species 
interactions (Munn and Terborgh 1979). Together, a group of flock obligates gather at a 
predictable site each morning and co-defend a jointly held territory throughout the year, with 
gathering sites and territorial boundaries both remaining fixed over time, even for decades 
(Jullien and Thiollay 1998; Martínez and Gomez 2013). These approximately ten species of 
obligate flock-followers forage together throughout the day and are joined by dozens of other 
insectivorous species (Jullien and Thiollay 1998; Munn 1985; Munn and Terborgh 1979). 
Collectively, in the terra firme forests of central Amazonia, we have recorded 105 resident 
species participating in mixed-species flocks, which represent 36% of the core forest avifauna 
(this study, Rutt et al. 2017; Rutt et al. 2020). Therefore, these flocks play a central role for avian 
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diversity in Amazonia. Further, because these flocks display year-round residency and include 
few migrants (both elevational and latitudinal), they are a model system to evaluate the effect of 
changing environmental conditions in lowland Amazonian rainforest. 
For mixed-species flocks that assemble year-round, the two primary, but non-mutually 
exclusive, hypotheses proposed to explain seasonality are the timing of breeding for flock 
members and the potential fluctuation in their arthropod prey (Davis 1946; Develey and Peres 
2000; Fogden 1972; Greenberg 2000; Powell 1985). During the breeding season, the logistics of 
building nests, incubating eggs, and feeding nestlings may constrict species-specific movements 
and limit species and individuals from participating in flocks (Greenberg 2000; Powell 1985). 
This would lead us to predict that, while breeding, flocks should be diminished in both size and 
space. Alternatively, when resource availability is low, the foraging benefits of joining flocks 
should increase (Clark and Mangel 1984; Morse 1970), leading to larger flocks with more 
interspecific interactions and larger home ranges. Because we know that both of these competing 
hypotheses might affect mixed-species flocks, we will simultaneously consider the seasonality of 
flocks alongside the seasonality of their reproductive activity and resource availability. 
Further, we examine seasonal dynamics of flocks across three habitats following 
increasing human pressure: no disturbance (primary forest), fragmentation (small forest 
fragments), and deforestation (secondary forest). In all habitats, we quantify seasonal core area 
and home range size, species richness and attendance, and four metrics of ecological networks. 
We predict that within-year changes in abiotic conditions will indirectly affect flocks, trickling 
down to alter both individual species and the emergent properties of the flocks they comprise. 
During the period of reduced arthropod abundance, we hypothesize that flocks will expand home 
range size, include more species with higher attendance rates, become more cohesive, and 
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increase the frequency of interspecific interactions. Alternatively, we predict that the breeding 
season will shrink the sizes of flock home ranges, reduce species richness, decrease attendance 
rates, and weaken the resulting networks. Depending upon which set of predictions predominate 
and whether these two periods temporally overlap will determine what we can infer about the 
underlying causality of any seasonal dynamics in mixed-species flocks. Furthermore, we predict 
that any seasonal differences in primary forest will be exacerbated in more heavily disturbed 
habitats, resulting in a greater seasonal disparity within secondary forest and forest fragments. 
 
4.2. METHODS  
 
4.2.1. Study area 
We explored the seasonal dynamics of Amazonian mixed-species flocks at the Biological 
Dynamics of Forest Fragments Project (2°20′S, 60°W), which is located ~80 km north of 
Manaus, Amazonas, Brazil. This large-scale landscape experiment was initiated in the late 1970s 
and early 1980s to study the effects of fragmentation prior to the clearing of three ~15,000 ha 
cattle ranches. However, the ranches were soon abandoned or operated at low production levels, 
leaving a patchwork of regenerating secondary growth and degraded forest fragments in a region 
dominated by continuous primary terra firme forest.  
4.2.2. Defining seasonality by rainfall 
Across many years, rainfall seasonality at Manaus is typically split between two roughly 
equal components, with rains generally increasing in October and peaking in March and April 
before subsiding in June (Stouffer et al. 2013). On the outskirts of Manaus (Reserva Ducke), 50 
years of precipitation data reveal that average annual rainfall is 2.5 m y-1, 68% of which falls 
between December and May (L.A. Candido, pers. comm.). However, because the onset of rains 
is variable and can trigger or coincide with leaf production and insect abundance in the tropics 
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(Fogden 1972; Kishimoto‐Yamada and Itioka 2015; Wolda 1978, 1988), we wanted to define 
empirically the onset of the wet season during our sampling period (Sep 2015–Oct 2017). To 
determine these dry-to-wet season transitions, we followed Li and Fu (2004) and Fu et al. (2013). 
We first acquired hourly precipitation data from the K34 micrometeorological tower (51.4 m) on 
the ZF-2 road (2°36'S, 60°12'W), which is approximately 40 km SW of our study sites. Using 
two years of complete data (2016–2017), we determined the mean daily rain rate (5.93 mm day-
1). We then averaged daily rainfall by 5-day periods (pentads) and compared these results to the 
mean rate. We defined the onset of the wet season when 6 of the subsequent 8 pentads first 
exceeded the mean rain rate. This approach indicated that our two wet seasons began on 23 
February 2016 and 29 November 2016 (Figure 4.1a). Because we were less concerned with the 
arrival of the more temporally predictable dry season (Marengo et al. 2001), we considered the 
wet season to conclude with the transitional month of June. Using this seasonal delineation, we 
also plotted the maximum daily temperature in the understory (at height=5.2 m), which we 
similarly averaged across the same pentads (Figure 4.1b). During this span, maximum daily 
highs averaged 28.8°C in the wet season and 30.9°C in the dry season. 
4.2.3. Flock-following data collection 
We sampled 12 Amazonian mixed-species flocks for 15 months across three treatments: 
30–35-year-old secondary forest (5 flocks), 13.2-ha and 14.1-ha forest fragments (2 flocks), and 
primary forest (5 flocks). We will hereafter collectively refer to forest fragments and 
regenerating secondary forest as disturbed habitat. After defining the onset of the wet season in 
2016, this resulted in 4 months of wet season sampling (Mar–Jun 2016) and 11 months of dry 
season sampling (Sep 2015–Feb 2016, Jul–Aug 2016, and Aug–Oct 2017; see Figure 4.1).  
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Figure 4.1. Seasonal daily (a) rainfall and (b) maximum temperatures near the Biological 
Dynamics of Forest Fragments Project, averaged across five-day intervals (pentads) between Sep 
2015 and Dec 2017. These rainfall data were used to define empirically the onset of two wet 
seasons: 23 February 2016 and 29 November 2016. Mixed-species flocks were sampled across 
15 of these months (highlighted on the x-axis), which resulted in 4 months of wet season 
sampling and 11 months of dry season sampling. 
(fig. cont’d.) 




Based upon our extensive experience with this system, we established a list of 103 flocking 
species (Appendix F) and excluded all other birds incidentally registered with flocks. To focus 
on the resident bird community, we excluded three boreal migrants (Vireo olivaceus, Setophaga 
fusca, and S. striata) that were rarely detected (a total of five times). CLR followed these 12 
flocks on foot, recorded species composition, flock spatial positions, and subset the tracking data 
as previously described in Mokross et al. (2014) and Rutt et al. (2020). 
4.2.4. Analysis 
4.2.4.1. Space use 
With the spatial point data, we estimated the size of core areas (50% quantile) and home 
ranges (95%) using the ‘ctmm’ package (Fleming and Calabrese 2019) in R (2019). This 
package produces autocorrelated kernel density estimates by accounting for the autocorrelation 
structure of the data and allowing for the best-fit continuous time movement model to differ for 
23 Feb 29 Nov
b) 
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each flock. For these finely sampled data, all best-fit models incorporated an Ornstein-Uhlenbeck 
Foraging (OUF) process, which identifies range residency while accounting for position and 
velocity autocorrelation (Calabrese et al. 2016). We generated these core areas and home ranges 
twice for each flock, once during the wet season and again during the dry season. We then ran 
generalized linear models (GLM) in base R to analyze whether a change in space use could be 
explained by the fixed effects of season (wet vs. dry), treatment (secondary forest, fragments, 
and primary forest) and the interaction of season and treatment. After examining fit statistics, 
specifically measures of overdispersion, we selected a Normal error distribution for core area and 
a quasi-Poisson error distribution with a log link function for home range. To interpret model 
results, we used estimated marginal means (Searle et al. 1980) in the package ‘emmeans’ (Lenth 
2019) for all pairwise comparisons and, in the case of the quasi-Poisson model, to additionally 
back-transform responses from the log scale. Lastly, we report the effective sample size (N̂area) 
for each flock, which is the number of independent locations that remain for home range 
estimation after accounting for autocorrelation. 
4.2.4.2. Species attendance 
To determine whether there was a seasonal change in species-specific attendance rates, 
we considered all treatments together. We began by deriving the proportion of 30-min time 
blocks that each species was present during both the wet and the dry season. Because species 
attendance rates range anywhere from 0 (absent in a given season) to 1 (always present), we 
chose the quasi-binomial error distribution to model this interval [0,1]. We then ran a GLM with 
a logit link function to compare species-specific attendance rates across seasons, after which we 
back-transformed the slope to the response scale using the inverse logit function. Using a test of 
a specific slope (a single t-test where the null hypothesis is a value other than 0), we then 
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contrasted the empirical slope of this relationship to 1, which is the theoretical slope of the line 
that represents no seasonal difference. If the p value was less than 0.05, then we considered this 
statistical evidence for a seasonal difference in attendance rates. 
4.2.4.3. Constructing networks of species co-occurrences 
To describe flock properties that emerge from these complex interspecific associations, 
we built networks of species co-occurrences. Following Mokross et al. (2014), we considered all 
flocking species that co-occurred in a single 30-min time block to be associating reciprocally 
with one another; defining interspecific associations in this way (i.e., by group membership) is 
termed the ‘gambit of the group’ (Whitehead and Dufault 1999). For all species (nodes), we then 
weighted interspecific associations (edges) by the frequency of pairwise interactions, which we 
derived using the simple ratio index. This association index calculates the cumulative number of 
time blocks that two species co-occurred, divided by the total number of times in which one or 
both species were present with the flock. Proportions range between 0 (two species that never co-
occurred) and 1 (two species that were always together in the flock). We constructed and 
primarily analyzed networks using the ‘igraph’ (Csárdi 2019) and ‘asnipe’ (Farine 2019) 
packages. Note that these ecological networks are complementary to social networks, except that 
nodes represent species instead of individuals.  
4.2.4.4. Constructing networks of species co-occurrences 
We then used these observed networks to explore whether there were seasonal changes in 
the size (i.e., species richness) or emergent properties of the flocks—downstream effects that 
might be more complex or nuanced than species attendance or species richness. We 
accomplished this by partitioning each flock network into seasonal time slices, or time-
aggregated networks, resulting in a total of 24 networks (i.e., 12 flocks x 2 seasons). Although a 
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single observer followed all flocks in the same, standardized way, unequal sampling effort 
between seasons—roughly 3x more sampling for flocks in the dry season—could introduce 
sampling effects into the network comparisons. For instance, we would not want more species, 
and thus more connections, to simply emerge as an artifact of a greater number of opportunities 
to detect those species. Therefore, to remove the potential for sampling effects, we generated 
1000 seasonal networks for every flock, but limited the better-sampled dry season data (³33 h) to 
have only as many subsamples as the wet season (12 h for all flocks). To create each of these 
networks, we randomly subsampled (with replacement) 24 30-min time blocks for each flock 
across seasons. We also bootstrapped the sampling data for the wet season, which ensured equal 
effort across seasons and also added uncertainty to all estimates of species richness and network 
metrics.  
For each subsampled network, we calculated five metrics at both the species- and flock-
level, largely following Mokross et al. (2014) and Zhou et al. (2019): (1) species richness (or 
flock size), (2) mean normalized degree, (3) mean weighted degree, (4) skewness, and (5) the 
global clustering coefficient (hereafter, clustering). Degree is the sum of the number of 
interspecific connections for a given species, which we normalized by dividing by the number of 
available species (n-1), before averaging to obtain a single overall estimate for the network. 
Weighted degree is similar but sums the frequency of interspecific associations (edge weights) 
for each species, which we again averaged. At the flock level, we calculated skewness using the 
‘moments’ package (Komsta and Novomestky 2015). This measures the skew of the frequency 
distribution of all species’ normalized degree values, or the extent to which a network is 
weighted towards individual species with few connections (positive skew) or many connections 
(negative skew). Finally, we examined clustering (or global transitivity), which measures the 
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probability that three species (triads) in the network are connected by taking the proportion of 
closed triads divided by the total number of triads. 
To evaluate statistical significance, we fit the aforementioned GLM with post hoc tests 
1000 times for each of the bootstrapped network metrics. Best-fitting models for these variables 
were the Normal (skewness), the inverse Normal with a 1/mu2 link function (mean normalized 
degree and clustering), the Poisson with a log link function (species richness), and the quasi-
Poisson error distribution with a log link function (mean weighted degree). We generated p 
values as the proportion of models where the beta (slope) for each of our parameters was greater 
or less than zero; if all but 50 models (50/1000=0.05) produced positive or negative slopes, we 
considered that parameter to be significant (pboot £ 0.05). This approach to hypothesis testing in 
social network analyses is akin to the pre-network permutations discussed in Farine and 




Across seasons, we followed the 12 flocks for a total of 550.5 h (Table 4.1); however, 
this effort was disproportionately weighted towards the dry season (406.5 h in the dry season and 
144 h in the wet season). Similarly, because of uneven replication among treatments, sampling 
effort was uneven between fragments and the two continuous habitats. We accompanied flocks 
for 225 h in primary forest, 225 h in secondary forest, and 100.5 hours in fragments. Ten species 
were detected only during the more well-sampled dry season (Appendix F); however, the 




Table 4.1. Summary of sampling effort, species richness, and space use for mixed-species flocks across two seasons at the Biological 
Dynamics of Forest Fragments Project. 
 
  Effort (hours)   Species Richness*   Core Area (ha)   Home Range (ha)   N̂area† 
  Wet Dry   Wet  Dry   Wet Dry   Wet Dry   Wet Dry 
Secondary flocks               
  North  12 33  29.0 40.6 ▲ 3.76 3.55  14.45 12.66 ▼ 6.4 18.9 
  South 12 33  32.8 38.3 ▲ 2.78 3.85 ▲ 11.04 13.81 ▲ 8.2 22.4 
  Stream 12 33  37.5 41.1  3.46 4.44 ▲ 14.72 17.79 ▲ 6.9 17.2 
  Tower 12 33  29.9 36.7 ▲ 4.06 4.81 ▲ 14.53 16.89 ▲ 11.1 17.6 
  WSW 12 33  25.3 30.0 ▲ 3.18 2.43 ▼ 12.21 9.46 ▼ 8.0 17.7 
               
Fragment flocks               
  Colosso 14.1-ha 12 39.5  42.3 48.0 ▲ 1.55 3.59 ▲ 6.29 13.25 ▲ 10.6 29.5 
  Porto Alegre 13.2-ha 12 37  44.2 52.3 ▲ 2.35 3.22 ▲ 9.52 11.57 ▲ 14.7 27.4 
               
Primary flocks               
  Chato 12 33  46.0 46.1  4.26 4.17  16.53 16.54  7.6 23.2 
  Junction 12 33  41.6 54.5 ▲ 3.07 3.6 ▲ 11.86 12.22  11.4 26.3 
  Lanio 12 33  60.7 61.0  4.68 4.57  17.88 18.06  7.5 20.4 
  Novo 12 33  46.4 53.7 ▲ 3.93 5.71 ▲ 14.11 20.56 ▲ 8.2 18.4 
  Trilha 12 33   54.4 60.6 ▲ 4.92 4.25 ▼ 18.49 14.41 ▼ 7.0 24.2 
Arrows denote a >10% absolute change in species richness and space use in the dry season 
*Flock species richness is averaged across 1000 networks, generated by subsampling time blocks to ensure equal effort across seasons 
† N̂area (effective sample size) or the equivalent number of statistically independent GPS locations 
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4.3.1. Space use 
Across all treatments, the analysis suggested an increase in flock home range size during 
the dry season (Figure 4.2a); however, this change in marginal means was not statistically 
significant (EMM 14.2–11.9 = 2.3 ha, z ratio = 1.9, p = 0.06). Similarly, within each treatment, 
home range size also increased during the dry season, but only did so significantly for flocks in 
fragments (EMM 12.41–7.91 = 4.5 ha, z ratio = 1.95, p = 0.05). Across seasons, only the home 
ranges of fragment flocks differed in marginal means from the other two treatments, being 
significantly smaller than those of both secondary forest flocks (EMM 9.9–13.8 = –3.9 ha, z ratio 
= –2.51, p = 0.03) and primary forest flocks (EMM 9.9–16.1 = –6.2 ha, z ratio = –3.76, p < 
0.01). Results for core area size mirrored those of home range size (Figure 4.2b). 
 
 
Figure 4.2. Stripcharts highlight seasonal and treatment differences in (a) home range and (b) 
core area size for flocks in forest fragments compared to those in primary and secondary forest. 
Dashed lines connect values from the same flock across seasons. 
a) b) 
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Across treatments, flocks significantly increased the size of core areas during the dry season 
(EMM 3.89–3.19 = 0.7 ha, z ratio = 2.19, p = 0.03). However, within treatments, this increase 
was again significant only for fragment flocks (EMM 3.4–1.95 = 1.45 ha, z ratio = 2.03, p = 
0.04). Averaging across seasons, only the core area size of fragment flocks, which was again 
smaller, differed significantly from that of primary forest (EMM 2.68–4.32 = –1.64 ha, z ratio = 
–3.86, p < 0.01). This time, however, the decrease in the size of the core area between flocks in 
fragments and secondary forest was less extreme (EMM 2.68–3.63 = –0.95 ha, z ratio = –2.25, p 
= 0.06). Taken together across treatments, this results in a 19.3% and 21.9% seasonal increase in 
the size of home range and core area, respectively, during the dry season. 
 
4.3.2. Species attendance 
Across all treatments, we found that seasonal species-specific attendance rates fell very 
close to the 1:1 line (Figure 4.3). Although species tended to increase flock attendance during the 
wet season (60/103 species [58%] in the blue polygon; Figure 4.3), these shifts were subtle. As 
such, the back-transformed slope of the empirical line was 0.999 and was therefore statistically 
indistinguishable from 1 (p = 1), indicating no seasonal difference in attendance rates. 
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Figure 4.3. Across all treatments, species attended flocks at similar rates during the wet and dry 
seasons. The diagonal 1:1 line (solid) represents the theoretical condition of identical attendance 
rates across seasons. The dashed line depicts the empirical relationship back-transformed from a 
generalized linear model of the data. A value of 0.25 within a season indicates that a species was 
present in a quarter of all 30-min time blocks. In each season, the two labeled species showed the 
greatest apparent seasonal difference in flocking preference. 
4.3.3. Species richness and network analyses 
Bootstrapped networks revealed that season was a significant predictor for changes in 
species richness and for all of the species- and flock-level network metrics. Across treatments, 
flocks included, on average, an additional 6.4 species during the dry season than the wet season 
(46.9–40.5 species, EMM bmean = 0.15, pboot = 0; Figure 4.4), a 16% increase in species richness. 
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Figure 4.4. Mean species richness increased in the dry season for all flocks in secondary forest, 
forest fragments, and primary forest. Flock means are derived from 1000 bootstrapped networks 
in each season. Dashed lines connect values from the same flock across seasons. 
This dry season increase in flocking species was significant in all habitats but was 
proportionately largest in secondary forest and fragments compared to primary forest: secondary 
forest (37.3–30.9 = 6.4 species [21%], EMM bmean = 0.19, pboot = 0), fragments (50.2–43.3 = 6.9 
species [16%], EMM bmean = 0.15, pboot = 0.01), and primary forest (55.2–49.8 = 5.4 species 
[11%], EMM bmean = 0.10, pboot = 0). Using the original observed data, we also calculated 
monthly species richness (Appendix Figure F.1), which we then averaged by season. Although 
more species joined flocks throughout the dry season, 3-h samples in all treatments actually 
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contained more species during the wet season (+1.6 species in secondary forest, +2.2 species in 
fragments, and +3 species in primary forest). Across seasons, primary forest flocks were richer in 
species (EMM 52.4 species, pboot = 0), secondary forest flocks the most depauperate (EMM 34.0 
species, pboot = 0), and fragment flocks were intermediate (EMM 46.6 species, pboot = 0). 
Across all treatments, flocking species in the wet season were, on average, associated 
with a greater number of species (mean normalized degree; EMM bmean = 0.65, pboot = 0; Figure 
4.5a), despite species richness being higher in the dry season. This wet season increase in 
connectedness was significant across all treatments but was steepest in secondary forest (EMM 
bmean = 0.90, pboot = 0) and fragments (EMM bmean = 0.61, pboot = 0) and lowest in primary forest 
(EMM bmean = 0.44, pboot < 0.01). Similarly, the average frequency of interspecific associations 
(mean weighted degree) was also higher in the wet season (EMM bmean = –0.22, pboot = 0; Figure 
4.5b). This increase in the strength of connectedness was nearly twice as high in fragments 
(EMM bmean = –0.28, pboot = 0) as it was in primary (EMM bmean = –0.15, pboot < 0.01) and 
secondary forest (EMM bmean = –0.22, pboot = 0). Not only was the mean normalized degree 
lower in the dry season, but the shape of the distribution changed for species’ normalized degree 
values (skewness). Whereas wet season flocks contained mostly well-connected species (a 
normalized degree ~1 and a negative skew), dry season flocks contained another peak of species 
with relatively few connections, creating a bimodal distribution and a stronger positive skew 
(EMM bmean = 0.45, pboot = 0; Figure 4.5c). This distributional shift during the dry season, 
towards species with fewer connections, was most pronounced in disturbed habitats (secondary 
forest—EMM bmean = 0.58, pboot = 0; fragments— EMM bmean = 0.43, pboot = 0.05) and least so in 
primary forest (EMM bmean = 0.33, pboot = 0.01). Finally, flocks were also more cohesive in the 
wet season (clustering; EMM bmean = 0.27, pboot = 0; Figure 4.5d). Again, the largest differences 
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were in secondary forest (EMM bmean = 0.38, pboot = 0) and fragments (EMM bmean = 0.25, pboot = 
0) and the smallest differences were in primary forest (EMM bmean = 0.18, pboot = 0). 
 
Figure 4.5. Across all treatments, box plots reveal substantial seasonal variation for flocks in 
both interspecific interactions (a-b) and network structure (c-d). The four ecological network 
metrics are (a) mean normalized degree, (b) mean weighted degree, (c) skewness, and (d) 
clustering. Flock means are displayed for each of these metrics, which are derived from 1000 
bootstrapped networks in each season. Boxes range from the first to the third quartile, and the 









Our results illustrate that a rich and diverse species interaction network makes seasonal 
adjustments to periods that are warmer and drier. During the dry season, mixed-species flocks 
increased the size of their core areas, included more species, and displayed network structures 
that were less complex and less cohesive (cf. Jullien and Thiollay 1998). More specifically, the 
emergent properties of these diminished networks indicate that dry season flocks contain fewer 
and less frequent interspecific associations and are shifted to include more species with relatively 
few connections, consistent with differences between disturbed and intact habitats (Mokross et 
al. 2014). Moreover, all of these seasonal changes are most pronounced in small forest fragments 
and regenerating secondary forest, habitats that are less buffered from seasonality. Because of 
this larger seasonal shift in disturbed habitats, correctly interpreting differences among habitats 
depends upon a careful comparison of sampling periods. Finally, because we are looking at 
within-flock changes for a large community of resident birds (excluding rare migrants), we can 
focus on the changing propensity of species and individuals to join flocks by eliminating 
differences in bird density as a causal factor, which might otherwise confound inferences across 
disparate habitats. 
Even in lowland rainforest, these findings illustrate that seasonal effects should not be 
ignored and need to be explicitly controlled for or considered alongside habitat effects. Our 
results demonstrate that relatively large seasonal effects, particularly in disturbed habitats, can 
exceed habitat effects, thus leading to improper conclusions if seasonality is ignored. For 
example, species richness is clearly highest for flocks in primary forest, intermediate in 
fragments, and lowest in secondary forest (Figure 4.4). This conclusion is apparent whether we 
consider habitats separately across seasons (i.e., dry vs. dry or wet vs. wet) or together, 
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throughout the full annual cycle. However, if we had instead sampled these habitats in successive 
seasons—beginning with secondary forest during the wet season—the results would be different. 
In this scenario, we would have instead described fragment flocks (50.2 species during the dry 
season) as having the same number of species as flocks in primary forest (49.8 species during the 
wet season). Because these seasonal trends are consistent across habitats, we would have 
similarly uncovered quantitatively different results elsewhere (e.g., fragment flocks switching 
from having the highest mean normalized degree to the lowest; Figure 4.5a). Therefore, in the 
absence of sampling data across a full annual cycle, we recommend standardizing effort by 
season (e.g., Pollock et al. 2017; Rutt et al. 2020; Stouffer et al. in review; Wolfe et al. 2015b). 
Some tropical birds have been shown to respond predictably to seasonality in lowland 
rainforests, although more subtly than in drier, more seasonal habitats (Woodworth et al. 2018). 
Much like their temperate counterparts, some tropical birds show strong breeding seasonality, 
increasing and decreasing the size of their gonads and nesting at predictable times of the year 
(Fogden 1972; Gradwohl and Greenberg 1982; Snow and Snow 1964; Wikelski et al. 2003; 
Wikelski et al. 2000). However, in the central Amazon, this pattern is obscured by different 
seasonal preferences and prolonged breeding seasons, resulting in only a modest seasonal peak in 
breeding activity across the entire community (Stouffer et al. 2013). Likewise, the schedule of 
molting in this community generally lags 1–2 months behind that of breeding, but high 
variability and protracted molts again results in no major seasonal peak (Johnson et al. 2012). 
Although most species are sedentary and seasonal migration is rare, a few species of Amazonian 
frugivores have been documented performing seasonal movements, primarily departing during 
the dry season, likely due to the scarcity of canopy fruits (Naka 2004; Stouffer and Bierregaard 
Jr. 1993). More subtle movements include seasonal shifts in habitat selection along local 
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moisture and vegetation gradients (Karr and Freemark 1983). Yet, in spite of the evidence that 
seasonality structures the life cycles of some rainforest birds, few studies have examined the 
seasonal dynamics of interspecific interactions in these relatively stable environments. 
Seasonality in mixed-species flocks has drawn attention for some time (Davis 1946), but 
few studies have examined this rigorously in the tropics—where flocking is a year-round 
phenomenon—and none have quantified seasonal changes using network theory. Furthermore, 
failing to analyze home range size in concert with species richness and flock size limit previous 
inferences about seasonality. Away from montane cloud forests in the Neotropics, the majority 
of previous work in this system stems from the Brazilian Atlantic Forest (Davis 1946; Develey 
and Peres 2000; Maldonado-Coelho and Marini 2000, 2004), where understory flocks form 
around the cardinalid Habia rubica. These flocks contain relatively few species and individuals 
compared to Amazonia (averaging 6–7 species and 9–11 individuals) and are more similar in 
size to temperate flocks (Develey and Peres 2000; Maldonado-Coelho and Marini 2004). For 
comparison, our primary forest flocks averaged 32 species and 43 individuals per 3-h flock-
following bout. Nonetheless, Atlantic Forest flocks showed a slight increase in species richness 
and flock size during the dry season, which coincided with reduced arthropod abundance and the 
non-breeding season of this more synchronous breeding community (Davis 1945; Develey and 
Peres 2000; Maldonado-Coelho and Marini 2004). Similarly, Fogden (1972) and Croxall (1976) 
found that the size of Bornean mixed-species flocks peaks at the end of the dry season, when 
insects are least abundant and before forest birds begin breeding. Elsewhere, groups of two 
antwren species on Barro Colorado Island (Panama)—perhaps an incipient mixed-species 
flock—moved more quickly across and expanded the size of their co-defended home range 
during the dry season, prior to an increase in their arthropod prey and the start of breeding 
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activity (Gradwohl and Greenberg 1982; Greenberg and Gradwohl 1985). This leads us to 
evaluate the two primary, but non-mutually exclusive, hypotheses for seasonality during the 
annual cycle of mixed-species flocks: the breeding season and changing food availability. The 
results of our study, with more complex and speciose flocks, allow us to assess these hypotheses 
with more nuance and detail in a system in which the breeding season and peak arthropod 
abundance do not coincide. 
The breeding season may physically and temporally constrain species from participating 
in Amazonian mixed-species flocks. In the Guiana Shield, flock obligates predominantly breed 
during the mid- to late dry season (Aug–Nov; CLR, unpubl., Jullien and Thiollay 1998; Stouffer 
et al. 2013). However, even when they have active nests, members of these flock obligates often 
continue to accompany flocks (CLR, unpubl., Munn and Terborgh 1979), and fledged young are 
rapidly incorporated into the parent flock (Jullien and Thiollay 1998; Munn and Terborgh 1979). 
In the central Amazon, the nuclear species, Thamnomanes caesius, is critical for flock cohesion 
and exerts a disproportionate influence on flock space use and time budgets. For instance, we 
repeatedly watched as T. caesius led the entire flock to its nest, which it proceeded to build for 
upwards of 44 min, while the remainder of the flock stalled out and waited silently nearby (see a 
similar account in Develey and Peres [2000] for flocks led by Habia rubica). Therefore, we 
would predict that constraints of nesting for both T. caesius and the various constituent species 
would shrink home range sizes, decrease attendance rates and species richness, and weaken flock 
networks. This could explain the diminished attendance rates (Figure 4.3) and network structures 
(Figure 4.5) found during the breeding (dry) season. However, it is more challenging to interpret 
the ~20% increase in space use, as well as the increase in species richness (+11-21%, depending 
upon habitat), that occurred simultaneously. We should reiterate that our species richness metric 
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is cumulative across the entire season; if we instead look at species richness (Appendix Figure 
F.1) and flock size within a 3-h sample (which are highly correlated [CLR, unpubl.]), we find 
that flocks are slightly larger during the non-breeding (wet) season. 
Seasonal changes in food availability may also influence flock dynamics and could be the 
ultimate factor that dictates when flocking species breed. Theory predicts that flock foraging 
benefits increase with reduced food availability (Clark and Mangel 1984; Morse 1970), and the 
literature consistently shows that arthropod biomass and abundance in lowland tropical 
rainforests is lowest during the dry season, both generally (Fogden 1972; Gradwohl and 
Greenberg 1982) and across discrete microhabitats: forest floor (Levings and Windsor 1982; 
Mestre et al. 2010; Pearson and Derr 1986), understory (Develey and Peres 2000; Richards and 
Windsor 2007), and suspended dead leaves (Gradwohl and Greenberg 1982), although there are 
exceptions (Boinski and Fowler 1989; Wolda 1978). This would lead us to predict that, during 
the dry season, flocks should expand their home ranges, include more species, increase species 
attendance, and strengthen their networks. We again find partial support for these predictions, as 
home ranges expanded and more species utilized flocks, but flock attendance and network 
metrics were both depressed during the dry season. If larger core areas and home ranges indicate 
resource scarcity and lower quality habitat (Litvaitis et al. 1986; Mokross et al. 2018; Powell et 
al. 2016), then the dry season increase in area requirements for fragment flocks is particularly 
compelling. Although these isolated flocks lack neighbors and were almost completely confined 
by fragment borders, they ranged over a relatively small fraction of available habitat during the 
wet season (Figure 4.2). However, both core areas (+74%) and home ranges (+57%) increased 
dramatically during the dry season, suggesting that habitat that was previously sufficient needed 
to be expanded. Therefore, because the evidence is mixed for breeding season constraints and 
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changing food availability, perhaps the most parsimonious explanation invokes balancing both 
hypotheses. Coupled with the individual constraints of nesting in the dry season, flocks that 
range over a wider area (during a time of diminished arthropod abundance) would maximize 
opportunities for more species to temporarily join flocks. Simultaneously, however, these two 
competing pressures would also decrease the ability of those species and individuals to linger 
with flocks, thereby scaling up to diminish the structures of flock networks. However, for 
individual flock members, we suspect that regularly separating from flocks while breeding would 
primarily serve to increase commuting time, without a loss of foraging information—unlike birds 
that rely on social cues to commute to localized and ephemeral resources. 
This study also suggests that the perceived conservation value of human-modified 
habitats may depend upon both when a study takes place (an artifact; see Gove et al. 2005) and 
on the biologically important seasonal requirements of a species or system. Distinguishing 
between these two interpretations has received little attention. Our results from lowland 
rainforest demonstrate that the seasonal contrast for flocks was most pronounced in disturbed 
habitats, suggesting that primary forest is relatively buffered from the effects of seasonality. 
Interacting with deforestation and fragmentation, the dry season may extend the penetration of 
edge effects (Kapos 1989), increase solar radiation (Chazdon and Fetcher 1984), alter local and 
regional rainfall regimes (Lawrence and Vandecar 2015), and lengthen the period of food 
scarcity (Fogden 1972). Moreover, evidence is mounting that seasonality itself is increasing in 
central Amazonia (Almeida et al. 2017; Feng et al. 2013). As temperatures continue to climb in 
the Amazon, long-term trends indicate that the difference in seasonal rainfall has also increased 
(generally, a wetter wet season and a drier dry season; Almeida et al. 2017). Furthermore, the 
frequency of extreme large-scale climatic cycles (the El Niño-Southern Oscillation) is increasing 
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and will intensify typical climatic swings by promoting periods of severe heat and drought (Cai 
et al. 2014; Jiménez-Muñoz et al. 2016). For tropical birds, these El Niño events have been 
shown to affect population dynamics (Wolfe et al. 2015a) and can shift the timing of events in 
the avian life cycle, such as breeding (Styrsky and Brawn 2011). Thus, although we do not know 
how seasonality in mixed-species flocks may affect the fitness of its members, increasing climate 
seasonality is likely to exacerbate seasonal changes and further delay recovery in human-
modified habitats. How these tropical animals, which have evolved in relatively stable rainforest, 
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APPENDIX B. SUPPLEMENTARY MATERIAL FOR CHAPTER 1 
 
 
Figure B.1. A simple linear regression comparing two physical measures of eye size for the 57 
species shared between the two datasets: estimates of maximum pupil diameter (mm) from 
portrait photos of live birds is on the y-axis (this study) and average transverse diameter (mm) of 
dissected eyes removed from wet specimens is on the x-axis (Ritland 1982). The result suggests 
that using scaled photographs of live birds provides accurate relative estimates of actual eye size 
(Max. pupil diameter = –0.011 + 0.491(avg. transverse diameter); F = 874.1, df = 1,55, p < 
0.001, adjusted R2 =  0.94).
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Figure B.2. Another relationship between relative eye size and vulnerability for 39 species of 
birds. Here, relative eye size is the average species-specific residual from a linear regression of 
log (average transverse eye diameter) on log (body mass). These absolute eye diameters were 
gleaned from Ritland (1982). Vulnerability estimates are species-specific posterior mean slopes 
for the effect of forest (solid circles) and 95% CRI (vertical lines), where high coefficients 
represent species more often found in primary forest (vulnerable) and low coefficients refer to 
species more often captured in degraded forest (less vulnerable). The solid regression line is 
bounded by a 90% CRI shaded region.
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Figure B.3. Relationship between the mean onset of dawn song (min) and relative eye size for 44 
species of birds. We ran a phylogenetic generalized least squares (PGLS) model for this 
comparison, with branch length transformations for lambda optimized using maximum 
likelihood. The relationship depicted here was not significant (F = 1.36, df = 1,22, p = 0.26, 




Full statistical notation for the zero‐inflated hierarchical models that we ran 
 




where -" represents the probability that a species occurs at a given site and is included to 
account for the abundance of zeros in the observed data (where + = 0+1%	3	04%5+%0	observations). 
All - were between 0.166 and 0.241 (95% CRI), which is the estimate of false zeros, or the 
proportion of zeros in the estimated counts that are accounted for by the zero-inflated portion of 
the model. When !" = 1, the species was observed at that site, and counts (7") were then 
estimated with the parameter 8, which we further model with a linear predictor. 
 
7"~9(+00('(!" × 8") 
8" = 	;<(") + ><(")3" + ?" 
 
The linear predictor includes a random intercept (;<) and random slope (><) for @ species, such 
that each species has its own effect of forest (vulnerability). 3" is a dummy variable with two 
levels (degraded and primary) for the effect of forest. ?" represents an effort offset to account for 
the variable number of sampling net-hours that were amassed at each site. 
In order to better understand the variation in species-level responses to forest habitat, we 
modeled the varying slopes (representing the effect of forest on individual species) separately in 
the second level of the model as a function of dawn song and eye size, both of which are indirect 


















where EF is the grand-mean intercept and GH
I and GJ
Iare the coefficients for the regression of the 
predictor K<, which represents species-specific estimates of dawn song and relative eye size in 
separate models. NFO and NI
O	are conditional variances, the variance in αj and βj after controlling 
for the effect of the covariate. P is the estimated correlation between the varying parameters. We 
included family (where S = 19	families) as a level two random effect to account for 
phylogenetic non-independence among species. While this approach is not as direct as 
eigenvector-based methods on phylogenetic distance matrices, it is satisfactory at this 
phylogenetic scale because the vast majority of our species are from a single order (89%; 
Passeriformes) and are the sole representative of their genus in our sample (80%; Marc Kéry, 
pers. comm). EF, GJF, and GJ
Iwere given non-informative normal priors, while priors for σα and σβ 
remained non-informative uniform. 
  We ran three parallel Markov chains for all models, with each chain starting at its own 
randomly-generated value. The first 10,000 iterations of each chain were discarded, with the 
remaining 10,000 thinned by removing every third iteration, resulting in a total of 10,002 saved 
iterations per model. These remaining values allowed us to characterize the posterior 
distribution, which we assessed visually for convergence using trace plots and plots of posterior 
distributions, as well as the Brooks-Gelman-Rubin statistic, RV , where values <1.1 indicate 




zero at the 95% credible interval (CRI). All models were fit in JAGS with the package ‘R2jags’ 




APPENDIX C. SUPPLEMENTARY MATERIAL FOR CHAPTER 2 
 
 
Figure C.1. Representative images of habitat at the Biological Dynamics of Forest Fragments Project for the three treatments in this 










Table C.1. Seasonal breeding phenology for every species confirmed at the Biological Dynamics of Forest Fragments Project, 
expanded to include a separate row for each combination of species and method. Two-letter codes for breeding evidence are adopted 
from the North American Bird Atlas Committee (see Table 2.1, Laughlin et al. 1990). If multiple codes are present within a given row, 
only that code which provides the highest evidence of local breeding is given in the column “Highest Code” (see Table 2.1). Monthly 
effort at each site was continuous for the duration of a year (Sep 2015–Aug 2016), followed by a lengthy hiatus before a final three-
month field season (Aug–Oct 2017). 
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FY              FY     FL 
Primary 3512 Chato (flock) 
Thamnomanes 
caesius 
FY                 FY FY  
Primary 3512 Chato (flock) 
Epinecrophylla 
gutturalis 
FY            FY FL FL     FY 
Primary 3512 Chato (flock) 
Myrmotherula 
menetriesii 
FY              FY      
Primary 3512 Chato (flock) 
Deconychura 
longicauda 
FY FY                   
Primary 3512 Chato (flock) 
Xiphorhynchus 
pardalotus 
FY                 FY   
Primary 3512 Chato (flock) 
Automolus 
infuscatus 
FL         FL FL         FL  
Primary 3512 Chato (flock) 
Tolmomyias 
assimilis 
FL           FL          
Primary 3512 Chato (flock) 
Pachyramphus 
minor 
FY            FL FY        
Primary 3512 Chato (flock) 
Pachysylvia 
muscicapina 
FL                   FL  
Primary 3512 Lanio (flock) 
Piculus 
flavigula 
FL                    FL 
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Code 
2015 2016   2017 









































Primary 3512 Lanio (flock) 
Thamnophilus 
murinus 
FY           FY          
Primary 3512 Lanio (flock) 
Thamnomanes 
ardesiacus 
CN            CN         
Primary 3512 Lanio (flock) 
Thamnomanes 
caesius 
FY         FY FY FL          
Primary 3512 Lanio (flock) 
Myrmotherula 
menetriesii 
FY   FL           FY     FL 
Primary 3512 Lanio (flock) 
Microxenops 
milleri 
FL              FL      
Primary 3512 Lanio (flock) 
Automolus 
infuscatus 
FL   FL                  
Primary 3512 Lanio (flock) 
Tolmomyias 
assimilis 
FL    FL FL               
Primary 3512 Lanio (flock) 
Pachyramphus 
marginatus 
FL    FL FL/NB               
Primary 3512 Lanio (flock) 
Tunchiornis 
ochraceiceps 
FL              FL    FL FL 
Primary 3512 Lanio (flock) 
Tachyphonus 
surinamus 
FL           FL          
Primary 3512 Nest Phaethornis 
bourcieri 
NY                 NY   
Primary 3512 Nest Myiobius 
barbatus 
NE NE                   
Primary 3512 Nest Lanio fulvus NE              NE*      
Primary 3512 Banding Frederickena 
viridis 
PE                   PE  
Primary 3512 Banding Thamnophilus 
murinus 
PE PE                   
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Primary 3512 Banding Thamnomanes 
ardesiacus 
PE PE               PE   
Primary 3512 Banding Thamnomanes 
caesius 
PE        PE         PE   
Primary 3512 Banding Myrmotherula 
longipennis 
PE             PE PE      
Primary 3512 Banding Myrmotherula 
menetriesii 
PE          PE         PE  
Primary 3512 Banding Percnostola 
rufifrons 
PE         PE            
Primary 3512 Banding Myrmoderus 
ferrugineus 
PE          PE           
Primary 3512 Banding Pithys albifrons PE         PE           PE 
Primary 3512 Banding Gymnopithys 
rufigula 
PE PE   PE    PE           
Primary 3512 Banding Formicarius 
colma 
PE           PE          
Primary 3512 Banding Certhiasomus 
stictolaemus 
PE                    PE 
Primary 3512 Banding Dendrocincla 
merula 
PE        PE             
Primary 3512 Banding Dendrocincla 
fuliginosa 
PE                 PE   
Primary 3512 Banding Glyphorynchus 
spirurus 
PE        PE PE PE PE          
Primary 3512 Banding Hylexetastes 
perrotii 
PE PE                   
Primary 3512 Banding Xiphorhynchus 
pardalotus 
PE PE       PE   PE         
                     




        Highest 
Code 
2015 2016  2017 









































Primary 3512 Banding Mionectes 
macconnelli 
PE           PE          
Primary 3512 Banding Dixiphia pipra PE     PE               
Primary 3512 Banding Tunchiornis 
ochraceiceps 
PE            PE PE    PE   
Primary 3512 Banding Microbates 
collaris 
PE                   PE  
                         
Primary 1511 Junction (flock) 
Piculus 
flavigula 
FY                    FY 
Primary 1511 Junction (flock) 
Euchrepomis 
spodioptila 
CN             CN        
Primary 1511 Junction (flock) 
Cymbilaimus 
lineatus 
CN CN                   
Primary 1511 Junction (flock) 
Thamnomanes 
caesius 
FY   FY              NB   
Primary 1511 Junction (flock) 
Epinecrophylla 
gutturalis 
FY       FL FL  FY FL FL  FY      
Primary 1511 Junction (flock) 
Myrmotherula 
longipennis 
FL                    FL 
Primary 1511 Junction (flock) 
Myrmotherula 
menetriesii 
FL              FL      
Primary 1511 Junction (flock) 
Xiphorhynchus 
pardalotus 
FY     FY               
Primary 1511 Junction (flock) 
Tolmomyias 
assimilis 
FL         FL FL FL FL       FL  
Primary 1511 Junction (flock) 
Pachyramphus 
marginatus 
FY         FY     CN      
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Code 
2015 2016  2017 









































Primary 1511 Junction (flock) 
Ramphocaenus 
melanurus 
FL          FL           
Primary 1511 Junction (flock) Lanio fulvus FL   
              FL FL FL 
Primary 1511 Novo (flock) 
Thamnomanes 
ardesiacus 
FY                   FY FL 
Primary 1511 Novo (flock) 
Thamnomanes 
caesius 
NE             NB NE      
Primary 1511 Novo (flock) 
Epinecrophylla 
gutturalis 
FY       FL   FY FY FL         
Primary 1511 Novo (flock) 
Myrmotherula 
axillaris 
FY                    FY 
Primary 1511 Novo (flock) 
Myrmotherula 
longipennis 
FY FL   FY               
Primary 1511 Novo (flock) 
Myrmotherula 
menetriesii 
NB     NB               
Primary 1511 Novo (flock) 
Xiphorhynchus 
pardalotus 
FY   FY FY   FY              
Primary 1511 Novo (flock) Xenops minutus FL   
              FL   
Primary 1511 Novo (flock) Lanio fulvus FY FY 
                  
Primary 1511 Trilha (flock) 
Thamnomanes 
ardesiacus 
FL       FL              
Primary 1511 Trilha (flock) 
Thamnomanes 
caesius 
CN     CN               
Primary 1511 Trilha (flock) 
Epinecrophylla 
gutturalis 
FY         FY FL       FL   
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Code 
2015 2016  2017 









































Primary 1511 Trilha (flock) 
Myrmotherula 
longipennis 
FY       CF FY            FY 
Primary 1511 Trilha (flock) 
Myrmotherula 
menetriesii 
FY                 FY   
Primary 1511 Trilha (flock) 
Pachyramphus 
marginatus 
NB     NB               
Primary 1511 Trilha (flock) 
Tunchiornis 
ochraceiceps 
FL FL FL FL FL               
Primary 1511 Trilha (flock) Lanio fulvus FL   
                FL FL 
Primary 1511 Nest Geotrygon 
montana 
NE          NE           
Primary 1511 Banding Thamnomanes 
ardesiacus 
PE              PE  PE   
Primary 1511 Banding Thamnomanes 
caesius 
PE                   PE  
Primary 1511 Banding Isleria guttata PE                 PE   
Primary 1511 Banding Myrmotherula 
longipennis 
PE             PE        
Primary 1511 Banding Percnostola 
rufifrons 
PE   PE                  
Primary 1511 Banding Myrmornis 
torquata 
PE PE                   
Primary 1511 Banding Pithys albifrons PE PE   PE   PE        PE PE  
Primary 1511 Banding Gymnopithys 
rufigula 
PE     PE  PE      PE  PE  PE 
Primary 1511 Banding Willisornis 
poecilinotus 
PE              PE      
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Code 
2015 2016  2017 









































Primary 1511 Banding Hylopezus 
macularius 
PE PE                   
Primary 1511 Banding Formicarius 
colma 
PE            PE         
Primary 1511 Banding Formicarius 
analis 
PE   PE        PE          
Primary 1511 Banding Dendrocincla 
merula 
PE             PE PE  PE   
Primary 1511 Banding Glyphorynchus 
spirurus 
PE       PE PE PE            
Primary 1511 Banding Xiphorhynchus 
pardalotus 
PE              PE      
Primary 1511 Banding Rhynchocyclus 
olivaceus 
PE           PE          
Primary 1511 Banding Corapipo 
gutturalis 
PE         PE            
Primary 1511 Banding Dixiphia pipra PE       PE              
Primary 1511 Banding Ceratopipra 
erythrocephala 
PE         PE            
Primary 1511 Banding Schiffornis 
olivacea 
PE         PE            
Primary 1511 Banding Tunchiornis 
ochraceiceps 
PE              PE      
Primary 1511 Banding Microbates 
collaris 
PE              PE    PE  
Primary 1511 Banding Turdus 
albicollis 
PE       PE              
                         
Fragment 1202 Flock Piculus 
flavigula 
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Fragment 1202 Flock Euchrepomis 
spodioptila 
CN              CN      
Fragment 1202 Flock Thamnomanes 
ardesiacus 
FY                   FY  
Fragment 1202 Flock Thamnomanes 
caesius 
NY     NB FY FY FL FL         NY FY 
Fragment 1202 Flock Epinecrophylla 
gutturalis 
FY       FL FL FL     FY      
Fragment 1202 Flock Myrmotherula 
axillaris 
FL    FL FL              CF 
Fragment 1202 Flock Myrmotherula 
menetriesii 
FY                 FY  NB 
Fragment 1202 Flock Xiphorhynchus 
pardalotus 
FY                   FY  
Fragment 1202 Flock Tolmomyias 
assimilis 
FL    FL        NB       FL  
Fragment 1202 Flock Pachyramphus 
marginatus 
FL              FL    FL  
Fragment 1202 Flock Cyclarhis 
gujanensis 
FY    FY                 
Fragment 1202 Flock Cacicus 
haemorrhous 
CN         CN            
Fragment 1202 Flock Islerothraupis 
cristata 
FL    FL                 
Fragment 1202 Flock Ixothraupis 
punctata 
FY       FY              
Fragment 1202 Nest Geotrygon 
montana 
NY         NY            
Fragment 1202 Nest Phaethornis 
bourcieri 
NE             NE†      
                     




        Highest 
Code 
2015 2016  2017 









































Fragment 1202 Nest Hypocnemis 
cantator 
NY       NY              
Fragment 1202 Banding Thamnomanes 
caesius 
PE   PE           PE      
Fragment 1202 Banding Myrmotherula 
axillaris 
PE                    PE 
Fragment 1202 Banding Hypocnemis 
cantator 
PE           PE PE         
Fragment 1202 Banding Percnostola 
rufifrons 
PE       PE              
Fragment 1202 Banding Gymnopithys 
rufigula 
PE              PE      
Fragment 1202 Banding Conopophaga 
aurita 
PE        PE             
Fragment 1202 Banding Dendrocincla 
fuliginosa 
PE PE                   
Fragment 1202 Banding Glyphorynchus 
spirurus 
PE       PE  PE PE          PE 
Fragment 1202 Banding Dendrocolaptes 
certhia 
PE PE            PE      
Fragment 1202 Banding Xiphorhynchus 
pardalotus 
PE   PE                  
Fragment 1202 Banding Xenops minutus PE PE                   
Fragment 1202 Banding Mionectes 
macconnelli 
PE       PE PE             
Fragment 1202 Banding Rhynchocyclus 
olivaceus 
PE         PE            
Fragment 1202 Banding Dixiphia pipra PE                 PE PE PE 
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Code 
2015 2016  2017 









































Fragment 1202 Banding Ceratopipra 
erythrocephala 
PE     PE               
Fragment 1202 Banding Turdus 
albicollis 
PE        PE  PE           
Fragment 1202 Banding Tachyphonus 
surinamus 
PE    PE     PE     PE      
                         
Fragment 3209 Flock Euchrepomis 
spodioptila 
CN          CN           
Fragment 3209 Flock Thamnomanes 
caesius 
NY   FL    FY FL FL     NB  FL/NB NB NY 
Fragment 3209 Flock Epinecrophylla 
gutturalis 
FL FL     FL FL             
Fragment 3209 Flock Myrmotherula 
axillaris 
FY              FY      
Fragment 3209 Flock Myrmotherula 
menetriesii 
CN                   CN  
Fragment 3209 Flock Xiphorhynchus 
pardalotus 
FY   FY     FY             
Fragment 3209 Flock Rhynchocyclus 
olivaceus 
FY            FY FL        
Fragment 3209 Flock Pachyramphus 
marginatus 
FY        FY      NB      
Fragment 3209 Flock Pachysylvia 
muscicapina 
FL                    FL 
Fragment 3209 Flock Ramphocaenus 
melanurus 
FL                    FL 
Fragment 3209 Nest Trogon viridis NY       NY              
                     




        Highest 
Code 
2015 2016  2017 









































Fragment 3209 Banding Thamnomanes 
caesius 
PE        PE             
Fragment 3209 Banding Hypocnemis 
cantator 
PE PE   PE PE          PE PE  
Fragment 3209 Banding Myrmoderus 
ferrugineus 
PE             PE       PE 
Fragment 3209 Banding Pithys albifrons PE          PE           
Fragment 3209 Banding Gymnopithys 
rufigula 
PE          PE           
Fragment 3209 Banding Dendrocincla 
fuliginosa 
PE     PE               
Fragment 3209 Banding Glyphorynchus 
spirurus 
PE    PE PE  PE   PE PE PE       PE 
Fragment 3209 Banding Dendrocolaptes 
certhia 
PE              PE      
Fragment 3209 Banding Xiphorhynchus 
pardalotus 
PE PE            PE      
Fragment 3209 Banding Hemitriccus 
zosterops 
PE                   PE  
Fragment 3209 Banding Rhynchocyclus 
olivaceus 
PE       PE              
Fragment 3209 Banding Attila 
spadiceus 
PE                 PE   
Fragment 3209 Banding Corapipo 
gutturalis 
PE       PE              
Fragment 3209 Banding Lepidothrix 
serena 
PE        PE             
                     
                     




        Highest 
Code 
2015 2016  2017 









































Fragment 3209 Banding Dixiphia pipra PE                 PE   
Fragment 3209 Banding Ceratopipra 
erythrocephala 
PE       PE          PE   
                         
Secondary 1014 North (flock) 
Thamnomanes 
ardesiacus 
FL            FL         
Secondary 1014 North (flock) 
Thamnomanes 
caesius 
NY NB NY FL FY      CN        FY 
Secondary 1014 North (flock) 
Epinecrophylla 
gutturalis 
NY   FY FL FL       NB NY      
Secondary 1014 North (flock) 
Myrmotherula 
axillaris 
FL                   FL  
Secondary 1014 North (flock) 
Myrmotherula 
menetriesii 
FL                 FL   
Secondary 1014 North (flock) 
Tolmomyias 
assimilis 
FL     FL FL       FL    FL FL 
Secondary 1014 North (flock) 
Ramphocaenus 
melanurus 
FL                   FL  
Secondary 1014 North (flock) 
Islerothraupis 
cristata 
FY                   FY FL 
Secondary 1014 Tower (flock) 
Thamnomanes 
caesius 
FY FY FY FL      CN           
Secondary 1014 Tower (flock) 
Epinecrophylla 
gutturalis 
FL       FL FL             
Secondary 1014 Tower (flock) 
Myrmotherula 
axillaris 
FY                   FY FL 
Secondary 1014 Tower (flock) 
Myrmotherula 
menetriesii 
CN          CN           
                     
                     




        Highest 
Code 
2015 2016  2017 









































Secondary 1014 Tower (flock) 
Herpsilochmus 
dorsimaculatus 
FY              FY      
Secondary 1014 Tower (flock) 
Xiphorhynchus 
pardalotus 
FL     FL               
Secondary 1014 Tower (flock) 
Pachysylvia 
muscicapina 
FL                    FL 
Secondary 1014 Tower (flock) 
Ramphocaenus 
melanurus 
FL          FL  FL         
Secondary 1014 Tower (flock) 
Islerothraupis 
cristata 
FL                   FL  
Secondary 1014 Nest Geotrygon 
montana 
NY                   NY  
Secondary 1014 Nest Thamnophilus 
murinus 
ON              ON*      
Secondary 1014 Banding Thamnophilus 
murinus 
PE PE PE         PE         
Secondary 1014 Banding Thamnomanes 
caesius 
PE PE PE                  
Secondary 1014 Banding Myrmotherula 
axillaris 
PE   PE                  
Secondary 1014 Banding Hypocnemis 
cantator 
PE     PE               
Secondary 1014 Banding Percnostola 
rufifrons 
PE            PE         
Secondary 1014 Banding Pithys albifrons PE PE      PE PE   PE         
Secondary 1014 Banding Willisornis 
poecilinotus 
PE PE               PE   
Secondary 1014 Banding Glyphorynchus 
spirurus 
PE     PE PE   PE PE         PE 
                     




        Highest 
Code 
2015 2016  2017 









































Secondary 1014 Banding Attila 
spadiceus 
PE    PE                 
Secondary 1014 Banding Dixiphia pipra PE       PE PE             
                         
Secondary 3015 South (flock) 
Thamnomanes 
caesius 
FY       FY  FL            
Secondary 3015 South (flock) 
Epinecrophylla 
gutturalis 
NY       NY          FY FL  
Secondary 3015 South (flock) 
Myrmotherula 
axillaris 
FY              FY     FY 
Secondary 3015 South (flock) 
Tolmomyias 
assimilis 
FL                   FL FL 
Secondary 3015 South (flock) 
Ramphocaenus 
melanurus 
FY FY FY FL                 
Secondary 3015 Stream (flock) 
Thamnomanes 
caesius 
FY       FY FY FL FL           
Secondary 3015 Stream (flock) 
Epinecrophylla 
gutturalis 
FY           FY FL         
Secondary 3015 Stream (flock) 
Myrmotherula 
menetriesii 
FY                   FY FY 
Secondary 3015 Stream (flock) 
Xiphorhynchus 
pardalotus 
FL       FL              
Secondary 3015 Stream (flock) 
Tolmomyias 
assimilis 
FL   FL  FL        FL    FL  
Secondary 3015 Stream (flock) 
Pheugopedius 
coraya 
FY                   FY FL 
Secondary 3015 WSW (flock) 
Cymbilaimus 
lineatus 
FY            FY         
                     
                     




        Highest 
Code 
2015 2016  2017 









































Secondary 3015 WSW (flock) 
Thamnomanes 
caesius 
FY FY FY FY FY        NB  NB   
Secondary 3015 WSW (flock) 
Epinecrophylla 
gutturalis 
FY FL FY           NB    FL FL 
Secondary 3015 WSW (flock) 
Myrmotherula 
menetriesii 
FY              FY  FY FL  
Secondary 3015 Nest Geotrygon 
montana 
NE         NE            
Secondary 3015 Nest Nyctidromus 
albicollis 
NE                    NE 
Secondary 3015 Nest Hypocnemis 
cantator 
NE             NE        
Secondary 3015 Nest Glyphorynchus 
spirurus 
NY                    NY 
Secondary 3015 Nest Glyphorynchus 
spirurus 
NE                   NE  
Secondary 3015 Banding Thamnophilus 
murinus 
PE     PE           PE   
Secondary 3015 Banding Percnostola 
rufifrons 
PE           PE          
Secondary 3015 Banding Gymnopithys 
rufigula 
PE    PE       PE          
Secondary 3015 Banding Glyphorynchus 
spirurus 
PE          PE PE        PE PE 
Secondary 3015 Banding Automolus 
infuscatus 
PE                 PE   
Secondary 3015 Banding Dixiphia pipra PE    PE PE  PE  PE         PE  
Secondary 3015 Banding Islerothraupis 
cristata 
PE              PE      
Secondary 3015 Banding Tachyphonus 
surinamus 
PE             PE                   
*Active nest was actually found in August 2015  
†Active nest was actually found in July 2015 
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APPENDIX E. SUPPLEMENTARY MATERIAL FOR CHAPTER 3 
 
The available species pool (n = 95 species) for understory mixed-species flocks at the Biological 
Dynamics of Forest Fragments Project (BDFFP) in the state of Amazonas, Brazil. Species are 
arranged by decreasing overall attendance rates (total = 715 30-min time blocks). Obligate flock-
following species (n=10) are shown in bold and the six-letter codes for all species correspond to 
those used in Figure 4. Those species (n=20) that were only detected in fragment flocks after re-
isolation are denoted (X) in the third column, followed by those species (n=8) only detected prior 
to re-isolation. Taxonomy follows the South American Checklist Committee (30 July 2019; 
Remsen Jr. et al. 2020). 
 









Thamnomanes caesius thacae   644 
Xiphorhynchus pardalotus xippar   520 
Thamnomanes ardesiacus thaard   432 
Pachysylvia muscicapina pacmus   411 
Myrmotherula menetriesii myrmen   406 
Glyphorynchus spirurus glyspi   397 
Myrmotherula axillaris myraxi   380 
Tolmomyias assimilis tolass   369 
Epinecrophylla gutturalis epigut   335 
Tunchiornis ochraceiceps tunoch   277 
Myrmotherula longipennis myrlon  X 254 
Rhynchocyclus olivaceus rhyoli   238 
Herpsilochmus dorsimaculatus herdor   208 
Ramphocaenus melanurus rammel   205 
Myiobius barbatus myibar   203 
Mionectes macconnelli miomac   189 
Automolus infuscatus autinf   186 
Xenops minutus xenmin   160 
Piculus flavigula picfla   156 
Euchrepomis spodioptila eucspo   147 
Vireolanius leucotis virleu   143 
Philydor erythrocercum phiery  X 140 
Piprites chloris pipchl   131 
Zimmerius acer zimace   120 
Tolmomyias poliocephalus tolpol   101 
Lepidocolaptes albolineatus lepalb   100 
Tachyphonus surinamus tacsur   96 
 
(table cont’d.)     
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Myiopagis gaimardii myigai   78 
Deconychura longicauda declon  X 72 
Galbula dea galdea   71 
Myrmotherula brachyura myrbra   69 
Pachyramphus marginatus pacmar   66 
Cymbilaimus lineatus cymlin   65 
Campylorhamphus procurvoides campro   53 
Sittasomus griseicapillus sitgri   52 
Cyclarhis gujanensis cycguj   51 
Islerothraupis cristata islcri   51 
Heliothryx auritus helaur X  50 
Lanio fulvus lanful   50 
Myiopagis caniceps myican X  48 
Microxenops milleri micmil  X 45 
Terenotriccus erythrurus terery   39 
Ornithion inerme ornine   35 
Euphonia cayennensis eupcay X  34 
Picumnus exilis picexi   32 
Capito niger capnig   31 
Chlorophanes spiza chlspi X  30 
Automolus ochrolaemus autoch   29 
Caryothraustes canadensis carcan   29 
Dacnis cayana daccay   29 
Dacnis lineata daclin   29 
Certhiasomus stictolaemus cersti   27 
Rhytipterna simplex rhysim   25 
Ixothraupis punctata ixopun   23 
Ixothraupis varia ixovar X  23 
Tyrannulus elatus tyrela X  23 
Veniliornis cassini vencas X  23 
Galbula albirostris galalb   22 
Celeus undatus celund   20 
Dendrocolaptes certhia dencer   20 
Cacicus haemorrhous cachae   18 
Monasa atra monatr   17 
Hemithraupis flavicollis hemfla X  14 
Ramphocelus carbo ramcar X  14 
Cyanerpes caeruleus cyacae X  13 
 
(table cont’d.)     
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Onychorhynchus coronatus onycor   13 
Attila spadiceus attspa   11 
Celeus elegans celele   9 
Cyanerpes nitidus cyanit X  9 
Lamprospiza melanoleuca lammel X  9 
Tangara chilensis tanchi   9 
Pheugopedius coraya phecor   9 
Pachyramphus minor pacmin   8 
Trogon violaceus trovio X  8 
Piaya cayana piacay   7 
Piculus chrysochloros picchr  X 7 
Campephilus rubricollis camrub X  5 
Laniocera hypopyrra lanhyp X  5 
Saltator maximus salmax X  5 
Dendrexetastes rufigula denruf   4 
Thraupis episcopus threpi   4 
Trogon melanurus tromel X  4 
Dendrocincla fuliginosa denful  X 3 
Nonnula rubecula nonrub   3 
Selenidera piperivora selpip X  3 
Trogon rufus troruf X  3 
Trogon viridis trovir   3 
Saltator grossus salgro  X 3 
Myiozetetes cayanensis myicay X  2 
Pachyramphus surinamus pacsur   2 
Thraupis palmarum thrpal   2 
Isleria guttata islgut   2 
Piaya melanogaster piamel  X 2 
Cyanerpes cyaneus cyacya   1 
Cyphorhinus arada cypara     1 
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Spatial Regression Model of Landscape Features 
We used a spatial regression model to consider how three features of the landscape—
canopy height, elevation, and distance to border—may influence flock space use after re-
isolation. We began by examining all relevant datasets within a geographic information system 
(ArcMap 10.6 [ESRI, Redlands, CA]). Since we were chiefly interested in how flocks operate 
within primary forest, we clipped the spatial point data and LiDAR rasters to areas that fell both 
within primary forest and the flock’s joint home range (i.e., the habitat available to them). We 
then created a 20 m grid, which we used to sum the number of flock relocations (pixel counts) 
and extract averages for the three raster datasets: canopy height, elevation, and Euclidean 
distance from the nearest border (Figure E.1). For pixels that the flock never visited (sum = 0), 
we measured the distance to the nearest border from the centroid of that pixel.  
Because these spatial point data are not independent, we used a conditional 
autoregressive model (CAR) in a Bayesian framework to account for spatial autocorrelation. The 
response variable, pixel counts (or the summed number of flock visits to a cell), was modeled 
using a Poisson error distribution and a log-link function. We included all three environmental 
covariates as explanatory variables in the full model, as well as all possible interactions and a 
covariate for effort. We selected the Leroux CAR model (Leroux et al. 2000) specified in the 
package ‘CARBayes’ (Lee 2019). The explanatory variables of this full model are much more 
complex than the GLMs described above, but the primary parameters of interest are now the 
result of three-way interactions with the environmental covariates (e.g., treatment, stage, and 
elevation). In plain terms, for example, we wanted to know if fragment (treatment) flocks after 
re-isolation (stage) alter the elevation (covariate) at which they forage. We ran this model for 1.5 
million iterations, discarding the first million as burn-in and thinning the remaining 500,000 
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iterations by 10 to result in a sample of 50,000 saved iterations. We considered these three-way 
interactions to be significant if the resulting posterior distribution did not overlap zero at the 95% 
credible interval (CRI). As with the GLMs, we used estimated marginal means to facilitate 
interpretation of the model output and, like the CRIs, 95% highest posterior density (HPD) 
intervals to evaluate significance. 
 
Influence of Landscape Features 
For fragment flocks after re-isolation, visual inspection of the spatial point data did not 
reveal any consistent, directional change in canopy height, elevation, and distance from border. 
Examining presence-only data for fragment flocks (i.e., pixels that were visited at least once), the 
distribution of values for these three environmental variables were remarkably similar before and 
after re-isolation (Figure E.2). However, our more nuanced conditional autoregressive analysis, 
which accounts for spatial autocorrelation and intensity of pixel use, uncovered more subtle 
shifts. Following re-isolation, fragment flocks showed a marginal mean increase in their usage of 
pixels at higher elevation (estimate and 95% HPD interval = 0.28 [0.04, 0.50]). Results from the 
CARBayes model also suggested that there was a significant, positive effect of distance for 
fragment flocks after re-isolation (posterior median and 95% CRI = 0.02 [0.01, 0.03]). This 
increase in pixel usage was only apparent at larger distances from the border. At the mean 
distance from the border, there was no significant effect (estimate and 95% HPD interval = 0.13 
[-0.09, 0.3]). These results should be taken provisionally because our full model did not converge 
optimally, as evidenced by the Geweke diagnostic statistic and visual inspections of trace plots 




Figure E.1. Summed counts of the number of times this fragment flock visited each 20 m2 cell 
before (left) and after (right) re-isolation. The heat map reflects utilization, where red grid cells 
indicate areas of high-intensity use. The yellow polygon is the flock’s joint 95% home range, 
generated by autocorrelated kernel density estimation (AKDE), or the area that was presumably 
available to the flock across time periods. Flock locations overlay a LiDAR-derived canopy 
height model with paler shading representing taller canopy. The LiDAR image was taken in 
2008, before re-isolation, and reveals the approximate height of second growth during our 










Figure E.2. Histograms of canopy height (top), elevation (middle), and distance from border 
(lower) for each pixel that was visited by flocks before and after re-isolation (presence-only 
data). In each figure, control flocks are on the left and fragment flocks are on the right. The two 
vertical lines in each panel represent the median of data before (red) and after (blue) re-isolation. 
For fragment flocks, the medians mostly overlap, as do the distributions broadly. These figures 
also demonstrate that, even for control flocks, there is a lot of heterogeneity in space use across 
these three landscape features. 
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APPENDIX F. SUPPLEMENTARY MATERIAL FOR CHAPTER 4 
 
The available species pool (n=103 resident species) for understory mixed-species flocks at the 
Biological Dynamics of Forest Fragments Project in the state of Amazonas, Brazil. Seasonal 
attendance was combined across treatments and was calculated as the percent of 30-min time 
blocks that a given species was detected. The twelve flocks across three treatments include five 
flocks each in primary and secondary forest and two flocks in small forest fragments. Species are 
arranged by decreasing overall attendance rates during the dry season. Cumulative flock-
following effort was 406.5 h in the dry season and 144 h in the wet season. Obligate flock-
following species (n=10) are shown in bold. Taxonomy follows the South American Checklist 
Committee (30 January 2020; Remsen Jr. et al. 2020). 
 
Species Dry Season Attendance (%) 
Wet Season 
Attendance (%) 
Thamnomanes caesius 99.6 100.0 
Myrmotherula menetriesii  90.2 91.3 
Xiphorhynchus pardalotus 88.8 92.7 
Epinecrophylla gutturalis 85.0 88.9 
Thamnomanes ardesiacus 67.7 67.7 
Pachysylvia muscicapina 66.9 54.9 
Glyphorynchus spirurus 65.7 72.9 
Tolmomyias assimilis 65.7 64.9 
Ramphocaenus melanurus 59.0 62.5 
Myrmotherula axillaris 55.8 63.2 
Herpsilochmus dorsimaculatus 39.2 48.6 
Xenops minutus 39.2 40.3 
Myrmotherula longipennis 36.7 37.8 
Myiobius barbatus 33.3 41.7 
Tunchiornis ochraceiceps 33.0 29.9 
Automolus infuscatus  30.4 34.4 
Rhynchocyclus olivaceus 27.7 27.8 
Euchrepomis spodioptila 24.5 29.2 
Piculus flavigula 23.7 30.9 
Myrmotherula brachyura 21.8 25.0 
Lanio fulvus 20.5 22.2 
Vireolanius leucotis 19.7 36.5 
Mionectes macconnelli 19.6 29.2 
Loriotus cristatus 19.3 20.8 
Philydor erythrocercum 18.7 20.1 
   
(table cont’d.)   
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Species Dry Season Attendance (%) 
Wet Season 
Attendance (%) 
Zimmerius acer  17.6 11.1 
Cymbilaimus lineatus 17.3 16.0 
Piprites chloris 17.0 24.0 
Tolmomyias poliocephalus 15.5 13.5 
Sittasomus griseicapillus 14.5 22.2 
Lepidocolaptes albolineatus 13.7 14.9 
Galbula dea 12.3 18.8 
Pachyramphus marginatus 12.1 11.5 
Myiopagis caniceps 10.7 9.4 
Tachyphonus surinamus 10.6 11.5 
Capito niger 9.8 9.0 
Deconychura longicauda 9.3 10.4 
Campylorhamphus procurvoides 8.0 4.2 
Pheugopedius coraya 8.0 5.9 
Heliothryx auritus 7.7 8.3 
Phylloscartes virescens 7.7 11.8 
Myiopagis gaimardii 7.6 4.2 
Cacicus haemorrhous 7.5 6.6 
Automolus ochrolaemus 7.4 6.3 
Dendrocolaptes certhia 6.3 8.7 
Celeus undatus 6.0 3.5 
Microxenops milleri  5.7 8.7 
Chlorophanes spiza 5.0 4.5 
Ixothraupis punctata 5.0 5.9 
Picumnus exilis 4.8 13.2 
Galbula albirostris 4.4 3.8 
Caryothraustes canadensis 4.3 3.5 
Microbates collaris 4.3 9.0 
Conopias parvus 4.2 3.1 
Dacnis cayana 4.1 6.3 
Terenotriccus erythrurus 4.1 9.4 
Certhiasomus stictolaemus  3.8 3.8 
Euphonia cayennensis 3.6 7.6 
Ornithion inerme 3.6 0.7 
Rhytipterna simplex 3.4 2.4 
Veniliornis cassini  3.3 7.3 
   
(table cont’d.)   
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Species Dry Season Attendance (%) 
Wet Season 
Attendance (%) 
Monasa atra 2.7 2.8 
Sirystes subcanescens 2.7 0 
Ixothraupis varia 2.5 6.6 
Cyclarhis gujanensis 2.3 2.4 
Isleria guttata 2.1 0 
Piaya melanogaster 2.1 2.1 
Pachyramphus minor 2.0 3.5 
Dendrexetastes rufigula 1.8 2.1 
Attila spadiceus 1.7 2.8 
Cyanerpes caeruleus 1.7 1.4 
Celeus elegans 1.6 3.5 
Dacnis lineata 1.6 1.7 
Dendrocincla fuliginosa 1.6 1.4 
Campephilus rubricollis 1.5 3.5 
Selenidera piperivora 1.5 0.3 
Onychorhynchus coronatus 1.2 1.0 
Tyrannulus elatus 1.2 0.7 
Tangara chilensis 1.1 0.7 
Trogon rufus 1.1 1.0 
Cyphorhinus arada 1.0 1.4 
Lamprospiza melanoleuca 1.0 1.0 
Cyanerpes nitidus 0.9 2.4 
Piaya cayana 0.9 0.3 
Piculus chrysochloros 0.9 0.3 
Ramphocelus carbo 0.9 2.1 
Trogon melanurus 0.9 0.7 
Trogon viridis 0.9 1.0 
Cyanerpes cyaneus 0.7 0 
Hemithraupis flavicollis 0.7 1.0 
Nonnula rubecula 0.7 0.7 
Trogon violaceus 0.7 0 
Pachyramphus surinamus 0.6 1.4 
Saltator grossus 0.5 0.7 
Tangara gyrola 0.5 0 
Celeus flavus 0.4 0 
Celeus torquatus 0.2 0.3 
   
(table cont’d.)   
 136 
Species Dry Season Attendance (%) 
Wet Season 
Attendance (%) 
Euphonia minuta 0.2 0 
Laniocera hypopyrra 0.2 0 
Saltator maximus 0.2 0.7 
Tangara velia 0.2 1.0 
Myiodynastes maculatus 0.1 0 
Thraupis palmarum 0.1 0 
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Figure F.1. Observed monthly species richness during 3-h sampling bouts for 12 flocks across 
three treatments: secondary forest (n=5 flocks), fragments (n=2 flocks), and primary forest (n=5 
flocks). For the three months (Aug–Oct) that have two years of flock-following data, monthly 
averages for each flock are depicted. Thick lines illustrate the monthly average for each 
treatment. Note that, for the purposes of this study, Mar–Jun comprises the wet season and all 
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